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A proper treatment process for high saline pharmaceutical wastewater is crucial, 
given its potential threats to aquatic environments. However, performances of 
conventional pharmaceutical wastewater treatment systems were usually limited, due 
to the major characteristics of the wastewater of high COD content, high salinity level, 
and low biodegradability which are unfavorable for microbial degradation. In this 
work, real pharmaceutical wastewater was collected and investigated for development 
of an effective anaerobic treatment process.    
The anaerobic degradation potential of the wastewater was examined using 
conventional anaerobic sequencing batch reactors (AnSBR). A low anaerobic 
biodegradability was observed for the raw wastewater. In addition, it was found that 
for non-adapted biomass, a pre-dilution of more than 5 times is required for the 
wastewater in order to achieve satisfactory COD removal efficiencies. For 
improvement of the process efficiency, investigation of system configuration, and 
selection of appropriate biomass inoculation source for such specific wastewater 
environment could be two potential solutions. 
Maintaining a high biomass concentration in the system could enhance the 
accessibility of organic pollutants in the wastewater to the microorganisms. Therefore 
two lab-scale membrane bioreactor (MBR) systems were set-up, where one AnMBR 
was seeded with anaerobic sludge, and the other anaerobic bio-entrapped membrane 
bioreactor (AnBEMR) was seeded with bio-entrapped anaerobic sludge, to investigate 
the organic removal performance and membrane fouling behaviour during the 
pharmaceutical wastewater treatment. As a result, the both systems exhibited low 
organic removal efficiencies (10-50% COD removal), which could be attributed to 
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refractory compounds and possibly toxicity of the wastewater. Nevertheless, The 
AnBEMR demonstrated better treatment performance than the AnMBR. Regarding 
the membrane fouling behavior, the lower biomass concentration and lower 
concentrations of the EPS and SMP (in terms of proteins and carbohydrates) in the 
AnBEMR extended its membrane filtration time.  
Upflow anaerobic sludge blanket (UASB) is a well-known high-rate anaerobic 
system, which is widely applied in the industrial wastewater treatment plants. A lab-
scale UASB was applied in this study and showed a COD percent removal of 41.3% 
for the treatment of the pharmaceutical wastewater. The salinity effect on the UASB 
performance was assessed by pre-treating the wastewater with ion exchange resins for 
salt removal. It was noted that, a TDS concentration above 14.92 g/L significantly 
reduced the COD removal and CH4 yield of the UASB system. Aerobic post-
treatment was found to effectively remove the COD residues in the anaerobic effluent.  
Intertidal wetland sediment (IWS), which contains considerable amount of halo-
philic microorganisms, was applied as a novel inoculation source for anaerobic 
treatment of the pharmaceutical wastewater. A significantly superior organic 
reduction performance of IWS was observed when comparing with conventional 
anaerobic digested sludge (ADS), during continuous operation of two parallel lab-
scale AnSBR systems. In addition, as revealed by pyrosequencing analysis, the 
predominance of halo-philic/tolerant microganisms in IWS could be the main 
explanation of enhanced organic removal efficiency of the novel biomass system. 
Futhermore, the organic removal performance of IWS and ADS was further evaluated 
and compared by operating two parallel lab-scale AnMBR systems. As a result, IWS 
exhibited enhanced COD removal efficiency and longer membrane filtration duration. 
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Pharmaceutical wastewater is one of the most significant gateways for emerging 
pollutants to enter water bodies, particularly with the rapid growth of the 
pharmaceutical industry and associated human needs. The manufacturing of 
pharmaceutical compounds typically involves a variety of stages including conversion 
of natural substances into pharmaceutical ingredients either through fermentation and 
extraction processes or chemical synthesis. These initial steps are then followed by 
formulation and packaging of the final product (Oktem et al., 2008). The amount and 
variety of wastes generated during the production of pharmaceuticals are significantly 
higher than the amount of the actual finished product, and it has been reported that 
200 to 30,000 kg of wastes can typically be generated for every kilogram of active 
ingredient produced (NRDC 2009). The composition of these pharmaceutical by-
products varies as it depends on the type of drug manufactured, the materials used in 
the production and the actual operations involved. They can include biological 
substances like fermentation wastes, excess extraction solvents remaining after the 
isolation and purification of active ingredients from natural sources, 
pharmacologically active agents like anti-coagulants and chemotherapeutic agents, as 
well as cleaning agents and disinfectants that are used to sterilize equipment. Hence 
the wastewater is usually characterized by a high concentration of chemical oxygen 
demand (COD), suspended solids, dissolved solids (salts), toxicity, and refractory 
compounds (Chelliapan et al., 2011; Rao et al., 2005). It is not suitable for physical 
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and/or chemical treatment due to their low efficiency in dissolved COD removal, and 
the fact that they require high consumption of chemicals (Oktem et al., 2007). 
Therefore, a biological process would still be a promising and practical approach for 
treating this specific wastewater. 
Anaerobic treatment for pharmaceutical wastewater has been performed using 
several modern technologies, such as up-flow anaerobic sludge blanket (UASB), up-
flow anaerobic biofilter process (UABP) and fixed-film reactor (FFR). Although 
successful pharmaceutical wastewater treatment with organic removal efficiency over 
70% has been reported in the literature (Sreekanth et al., 2009), nevertheless, the 
unstable performance caused by refractory or toxic compounds and retention of high 
biomass concentration in the system are still crucial concerns for the anaerobic 
treatment process. To address this problem, the development of anaerobic membrane 
bioreactor (AnMBR) provides a promising solution, since the AnMBR combines the 
advantages of the anaerobic process with production of solid-free effluent by 
membrane filtration and due to its ability to adhere complete biomass retention, 
whereby independent control of hydraulic retention time (HRT) and sludge retention 
time (SRT) could be achieved. For example, it has been reported that AnMBR could 
retain slow-growing bacteria by not washing them out from the system, enabling the 
bacteria to be cultivated under unfavourable environments (Vyrides and Stuckey, 
2009). Moreover, production of biogas in the AnMBR during anaerobic degradation 
can be used for membrane scouring as well as for energy recovery, which could 
considerably reduce the operational cost.  
High salinity concentration in wastewater is another key issue affecting the 
performance of biological processes. This is because high salinity concentration could 
cause the unbalance of osmotic stress across the cell wall and result in plasmolysis as 
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water is lost from microbial cells through osmosis, which could eventually lead to 
failure of biological treatment systems (Vallro et al., 2003). It has been known for a 
long time that a sodium concentration exceeding 10 g/L strongly inhibits 
methanogenesis (Kugelman and McCarty, 1965). Consequently, high saline 
wastewater has to be diluted prior to biological treatment in most cases, which not 
only consumes water resources but also introduces additional operation costs to the 
process (Zhang et al., 2012). Therefore, understanding the salinity effect on microbial 
activity and the process of microbial adaptation to a saline environment is essential. 
Unlike freshwater microbial species in conventional sludge, halophilic 
microorganisms existing in marine environments have their own strategies to survive 
under saline conditions. Owing to their dual characteristics of being halo-resistant and 
able to degrade organic pollutants, these microbial populations possess a huge 
application potential in saline wastewater treatment (Zhuang et al., 2010). However, 
to date only a few studies have reported on application of halophilic biomasses for the 
treatment of industrial saline effluents, and most of them used halophilic strains (pure 
culture) isolated from marine environments (Haddadi et al., 2013). Nevertheless, 
compared with those widely applied mixed-culture treatment processes, the pure-
culture systems are vulnerable to environmental variation and foreign species 
contamination, and thus may not be practical for full-scale application.   
 
1.2 Research Objectives 
The overall goal of this work is to develop an efficient anaerobic process for the 
treatment of high salinity pharmaceutical wastewater. The following objectives have 
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been identified, based on the system configurations and selection of biomass 
inoculants: 
1. Investigation of anaerobic biodegradation potential of the pharmaceutical 
wastewater under different operating conditions; 
2. Evaluation of AnMBR performance in treating pharmaceutical wastewater and its 
membrane fouling behaviour; 
3. Assessment of high-rate UASB reactor on organic removal efficiency, salinity 
impact on anaerobic microbial activity and application of aerobic processes as 
post-treatment; and 
4. Comparison of marine microbial populations with conventional anaerobic sludge 
for their organic degradation potential under high salinity environment and 
analysis of microbial communities. 
 
1.3 Organization of the Dissertation 
This thesis consists of seven chapters. The first chapter has contextualized this 
research and laid out the overall aims and objectives. In particular, it provides an 
important understanding of the demand and challenges of developing an efficient 
anaerobic process for the treatment of high salinity pharmaceutical wastewater. 
Chapter 2 summarizes the existing literature relevant to mechanism of anaerobic 
process, current anaerobic technologies, key operating parameters and applications of 
anaerobic processes for saline wastewater treatment. 
Chapter 3 investigates the anaerobic biodegradability of the pharmaceutical 
wastewater using conventional anaerobic sequencing batch reactors (AnSBR) under 
various operating conditions. 
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Chapter 4 discusses the treatment performance and stability of the membrane 
filtration of two AnMBRs inoculated with anaerobic sludge and bio-entrapped 
biomass, treating the wastewater under varying organic loading rates (OLRs). 
Chapter 5 evaluates the organic removal efficiency of an UASB reactor, and 
studies the salinity effect on anaerobic microbial activity. Moreover, an aerobic MBR 
and a SBR were applied as post-treatment for improving the overall treatment 
efficiencies. 
Chapter 6 compares the organic removal ability of a novel intertidal wetland 
sediment (IWS) inoculant with conventional anaerobic sludge using two AnSBR 
(phase I) and two AnMBR (phase II) systems for the treatment of the pharmaceutical 
wastewater. The differences in microbial communities and pre-dominant bacterial and 
archaeal groups in the two systems were analyzed using molecular techniques. 
Chapter 7 covers the major conclusions from this study, and briefly discusses the 
relevant interesting topics in the future study. 
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CHAPTER 2  
LITERATURE REVIEW 
 
2.1 Anaerobic Digestion 
2.1.1 Principle of anaerobic digestion 
Anaerobic digestion is a bio-transformation process that converts organics into 
methane and carbon dioxide. The process can be divided into three major microbial 
steps, including hydrolysis, acidogenesis/acetogenesis and methanogenesis as 
illustrated in Figure 2.1. During hydrolysis, which is catalyzed by extracellular 
enzymes (cellulases, proteases and lipases), complex (usually polymeric) organic 
materials are firstly broken down into soluble monomers, such as amino acids, sugars, 
and fatty acids. Acidogenesis and acetogenesis are carried out by fermentative 
microorganisms, in which the sugars, amino acids and fatty acids are converted into 
organic acids, alcohols and ketones (Batstone and Jensen, 2011). In the 
methanogenesis step, one microbial group named methanogen, which is classified as 
archaea, converts acetate, hydrogen and carbon dioxide to methane. 
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Figure 2.1. Schematic representation of the main conversion processes in 
anaerobic digestion (Chen et al., 2014) 
 
Biological means has been widely applied in wastewater treatment for decades, 
especially till nowadays aerobic processes are being operating for treating municipal 
wastewater worldwide. However, drawbacks such as high operation cost for aeration, 
high refractory sludge production and low capacity of organic loading limit the 
application of aerobic process in the area of high-strength organic wastewater 
treatment. On the other hand, anaerobic process exhibits several advantages over 
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aerobic process, including low nutrient requirement, reduction of sludge production, 
high capacity of organic loading and recovery of valuable methane gas. Therefore, in 
recent years, intensive studies have been focused on investigation and development of 
anaerobic technologies for treatment of industrial organic wastewaters. 
 
2.1.2 Important operating parameters of anaerobic process 
Given that microorganisms play a key role in anaerobic degradation process, to 
achieve efficient operation of anaerobic systems, proper environmental conditions 
should be provided to allow microorganisms maintaining optimal degradation activity. 
Important operating parameters of anaerobic processes include: 
 
 pH 
Maintaining a stable operation pH is crucial for anaerobic process stability, since 
pH of anaerobic system can alter surface charge of microorganisms as well as affect 
enzyme activity and microbial metabolism. Usually the pH of a successful anaerobic 
digester ranges between approximately 6.5 and 8.2 (Speece, 1996). As mentioned 
earlier that the anaerobic digestion process consists of three main steps, each of them 
involving different groups of microorganisms, and these microbial groups have 
different optimal-growth pH. For instance, the majority of acidogens have an optimal 
pH between 5-6, while for methanogenesis, as the rate-limiting step during anaerobic 
digestion, the methanogens involved prefer slightly alkaline pH between 6.8 and 7.4 
(van Haandel and Lettinga, 1994). With high CO2 content in the biogas produced 
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during anaerobic digestion process, alkalinity concentrations in the range from 2,000 
to 4,000 mg/L as CaCO3 are typically required to maintain neutral pH in the system 
(Metcalf and Eddy, 2004). In addition, a drastic pH change can cause severe 
inhibition of methanogenesis and may even lead to process failure. As reported by 
Visser et al. (1996), with an increase of pH from 7 to 8, a strong inhibition of 
methanogenesis was found, which then resulted in the development of a sludge 
dominated by sulphate-reducing bacteria. 
 
 Organic composition and loading 
Variations in influent organic composition and loading can upset the balance 
between acidogenesis and methanogenesis in anaerobic processes (Metcalf and Eddy, 
2004), which explains the importance of maintaining a proper and relatively stable 
organic loading rate of the treatment process. For instance, in the treatment of high 
loading of easily-biodegradable feedstock (i.e., sugars, soluble starches), the reaction 
rate of acidogenesis could be considerably faster than that of methanogenesis, which 
would result in accumulation of organic acids in the system and hence depresses the 
pH. Subsequently, the low pH could not only inhibit methanogenic activity, but also 
alter microbial degradation pathway in acidogenesis, which in turn causes instability 
of the anaerobic process. It was reported that during synthetic wastewater treatment 
via a lab-scale UASB, an increment of organic loading rate from 3.4 to 44.9 kg 
COD/m3.d led to severe disaggregation and washout of granular sludge due to shock 
organic load (Alves, 2000).  




Temperature could affect activities of microorganisms as well as bio-conversion 
rates during organic reduction and is closely related with the operational cost of the 
process. It is known that the anaerobes are most active under mesophilic (20-45oC) 
and thermophilic (45-70oC) conditions. Under thermophilic conditions, higher 
temperature could increase organic degradation rates. However, a simultaneous high 
production of volatile fatty acids in thermophilic systems might cause unstable 
performance of the process (Kim et al., 2002). On the other hand, under mesophilic 
conditions, the microorganisms are less sensitive to the changes in the environment, 
enabling a more stable treatment performance (van Lier et al., 1990). It was studied 
from a full-scale anaerobic system of 2-3% solids content that thermophilic systems 
require temperature controls of ±0.5°C, while mesophilic systems could withstand 
larger variations of ±2°C. Moreover, it was found that thermophilic cultures were 
more unstable and sensitive to operational disruptions (Garber, 1975). Therefore, 
considering both process stability and economic burden, mesophilic condition is more 
preferred and widely adopted for anaerobic treatment processes. 
 
 Solid retention time (SRT) 
SRT is a fundamental design and operating parameter for anaerobic processes 
(Metcalf and eddy, 2004). An appropriate SRT is essential to maintain biomass 
concentration and also metabolic activity in the treatment systems. Considering the 
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slow-growing nature of anaerobes compared with fast-growing aerobes, for 
mesophilic systems, SRT values greater than 20 d are needed for efficient process 
operation, and at lower temperatures, even higher SRT values are recommended. 
 
 Toxicants 
One of the main drawbacks of anaerobic digestion is the higher sensitivity to 
toxicants than aerobic process. Thus it is necessary to monitor and control the level of 
potential toxicants during system operation. Generally, these toxicants can be grouped 
into three categories: organic toxicants, inorganic toxicants and nanomaterials. 
Organic toxicants are commonly present in chemical industrial wastewater, 
pharmaceutical industrial wastewater, tannery wastewater and textile wastewater, 
which could be generated during chemical processing as by-products, or used as 
solvent for manufacturing. Theses organic toxicants usually include three major 
groups: chlorophenols, halogenated aliphatics and long chain fatty acids (Chen et al., 
2014). Two possible inhibitory mechanisms were proposed for these organics. For 
chlorophenols, they firstly dissolve in the aqueous phase and subsequently, being 
taken up by the cells. During this process, partitioning of these hydrophobic 
molecules into the lipid bilayer of the cell membrane is the most important 
mechanism (Sikkema, 1995). Chen et al. (2008) suggested that the cytoplasmic 
membrane is the primary site for the toxic action of chlorophenols by disrupting 
proton gradient through the membrane and interfering with cellular energy 
transduction. On the other hand, as for halogenated aliphatics and long chain fatty 
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acid, though their inhibitory mechanisms for anaerobic process have not been fully 
identified, several studies have demonstrated that these compounds could strongly 
inhibit methanogenesis and in turn, cause severe problem in process efficiencies 
(Fishbein, 1986; Freedman, 1991; Gill and Ratledge, 1972). 
Inorganic toxicants usually refer to ammonia, sulfide and heavy metals. Different 
from organic toxicants, normally most of these inorganics are essential nutrients for 
microbial growth and metabolism; however, while they become inhibitors at certain 
high concentrations (Koster and Lettinga, 1984). The inhibitory mechanism of 
ammonia was widely known, as free ammonia diffuses through cell membranes, 
causing proton imbalance, whereas ionized ammonium can directly inhibit methane 
synthesizing enzyme activity (Gerardi, 2006). It has been reported that a 50% 
reduction in methane production could be caused by ammonia with concentration 
ranging between 1.7-14 g/L (Chen et al., 2008). Sulfide containing wastewaters can 
be generated by several different industries or reduced from sulfate containing 
wastewaters by the activity of sulfidogens. The inhibitory effect of sulfide mainly lies 
in two ways: (1) The reduction reaction of sulfate to sulfide yields more energy than 
methanogenesis, which makes the latter less competitive and thus reduce the methane 
production; and (2) Sulfide can interfere with key enzyme activity in the cells. 
Regarding the toxicity of heavy metal ions, since many of them are functioning as 
coenzymes in the cells and they cannot be degraded biologically, the accumulation of 
them to toxic concentrations in the cells could be one important reason for the 
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inhibitory of heavy metals. As documented, acidogens are found to be more resistant 
to toxicity of heavy metals than methanogens (Zayed and Winter, 2000). 
Occurrence of nanomaterials in the aquatic environment is mainly resulted by the 
rapid development of nano-technology in industrial manufacturing activities. Given 
the unique characteristics of nanomaterials, there is a growing concern of their 
toxicity to anaerobic process. Although the detailed inhibitory mechanism is still 
under intensive investigation, to date, two possible theories have been proposed 
(Bondarenko et al., 2013; Nyberg et al., 2013): (1) By corrosion and dissolution of 
nanomaterials, metal ions could be released into aqueous phase and cause inhibition 
of microbial activities; and (2) Generation of reactive oxygen species, which is highly 
oxidative, can strongly damage cell structures and lead to cell death. 
 
2.2 Anaerobic Treatment of Industrial Saline Wastewaters 
2.2.1 Industries generating saline wastewaters 
Saline wastewaters are usually produced during industrial manufacturing 
activities, which mainly include chemical synthesis, food processing, tanning and 
refining processes. Typical features of these wastewaters are high saline concentration 
and high organic strength. The salinity of the wastewaters mostly depends on the salt 
consumption of each manufacturing process. 
Food processing wastewater is typically characterized as high COD and BOD, 
high fats, oils and grease, as well as high total suspended solids. In the food industry, 
saline effluents are mainly generated by the use of brine solutions and salt for 
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obtaining the finished products (Lefebvre and Moletta, 2006). As the characteristics 
of the wastewater mostly depends on the nature of the organic matter processed and it 
rarely contains toxicants or other inhibitory compounds, it is considered suitable for 
anaerobic treatment (Oliva et al., 1995). However, due to its high organic nature, one 
of the main challenges of this specific wastewater in treatment is to produce an  
effluent with water quality that meets the discharge requirements (Xu and Nakhla, 
2007). 
Tannery wastewater generated by the leather industry is known as seriously 
polluted effluent, which typically contains high levels of salinity, organic substances, 
ammonia and specific pollutants such as sulfide and chromium (Wang et al., 2014). 
Polyphenolic compounds and sulphides are commonly found in the tannery 
wastewater, which are low biodegradable and can inhibit methanogenic activity 
(Wang et al., 2014). Moreover, it was reported that certain wastewater streams from 
the tanning process are hypersaline that can contain as much as 80,000 mg/L of NaCl 
(Lefebvre and Moletta, 2006). 
Pharmaceutical wastewater is mainly generated by chemical-synthetic industries 
and usually contains high chemical oxygen demand (COD), salinity and toxicity. 
Large volumes of complex and obstinate composition wastewater, along with 
biological substances, cleaning agents and disinfectants are simultaneously produced 
that might pose potential threats, such as endocrine disruption, and have severe side 
effects on the aquatic environment (Lefebvre and Moletta, 2006; Kasprzyjk-Horden et 
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al., 2008). Therefore, pharmaceutical wastewater is listed as one of the major 
industries targeted for pollutants reduction, and received more attention recently. 
Oil refining wastewater is produced by petroleum refinery industries, which has 
distinctive characteristics including complicated components, high level of organics, 
acute toxicity and poor biodegradability (Chen et al., 2014). As documented, the 
wastewater from the decantation of the oil-water emulsion can present a wide range of 
salinity, ranging similarly from that of freshwater to three times of seawater (Diaz et 
al., 2002). 
 
2.2.2 Common anaerobic technologies treating saline wastewaters 
Anaerobic processes are considered to be less resistant to high salinity, therefore 
to date, majority of the saline wastewaters are treated by aerobic processes. 
Nevertheless, considering the advantages of anaerobic digestion such as low energy 
input, low sludge production and high organic loading capacity, they are still being 
investigated for the treatment of a number of saline effluents, as listed in Table 2.1. In 
addition, successful applications of anaerobic processes have been documented using 
several different anaerobic technologies, which include anaerobic sequencing batch 
reactor, up-flow anaerobic sludge blanket and anaerobic membrane bioreactor, etc. 
 
 Anaerobic sequencing batch reactor (AnSBR) 
The AnSBR process can be considered a suspended growth process with 
biological reaction and solid-liquid separation taking place in the same vessel 
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(Metcalf and Eddy, 2004). The operation of AnSBR consists of four steps, namely 
feeding, reaction, settling and decanting. A critical feature of the AnSBR process is 
the settling velocity of the sludge, whereby fast-settling sludge would result in good 
effluent quality with less solid content, while poor-settling sludge usually causes high 
solid content in the effluent and also losses of active biomass.  
 
 Upflow anaerobic sludge blanket (UASB) 
UASB system, which was developed in the late 1970s, is known as one of the 
most notable developments in anaerobic treatment process technology (Metcalf and 
Eddy, 2004). During operation, wastewater is distributed at the bottom of the reactor, 
the flow goes upward through the blanket and the organic pollutants are degraded by 
the microorganisms in the granular sludge. Critical and unique elements of the UASB 
system include an influent distribution system, a gas-liquid-solid three-phase 
separator and an effluent withdrawal design (Metcalf and Eddy, 2004).  
 
 Anaerobic membrane bioreactor (AnMBR) 
The basic concept of an AnMBR system is a combination of membrane 
separation technology with anaerobic process. The potential advantages of AnMBR 
include reduced foot-print and reactor requirements, high-improved effluent quality, 
high organic loading capacity and complete biomass retention. The major 
considerations for AnMBR design are: (1) the membrane flux rate; and (2) the ability 
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to prevent membrane fouling for sustainable system operation with stable and 
acceptable flux (Metcalf and Eddy, 2004). 
 
2.2.3 Application of anaerobic technologies for pharmaceutical 
wastewater treatment 
Anaerobic treatment for pharmaceutical wastewater has been performed using 
several modern technologies, such as up-flow anaerobic sludge blanket (UASB) 
(Oktem et al., 2008; Sreekanth et al., 2009; Chen et al., 2011a; Chen et al., 2011b), 
up-flow anaerobic biofilter process (UABP) (Chen et al., 1994) and fixed-film reactor 
(FFR) (Nandy and Kaul, 2001). Oktem et al. (2008) reported that a hybrid UASB 
could effectively remove 72% of the COD in the chemical synthetic-based 
pharmaceutical wastewater at an organic loading rate (OLR) of 8 kg COD/m3.d. Chen 
et al. (2011a) also demonstrated the use of UASB in the treatment of pharmaceutical 
wastewater containing 6-Aminopenicillanic acid and amoxicillin. The OLR were 
varied from 12.57 to 21.02 kg COD/m3.d and the average COD reduction was 52.2%. 
The performance of an UABP treatment of pharmaceutical wastewater was 
investigated by Chen et al. (1994), and showed that a COD removal of 70-93% was 
achieved in the anaerobic system at a hydraulic retention time (HRT) of 2-20 d. 
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40 CSTR 1.5 6000 72 2 50 Aspe et al., 1997 
Tannery 
wastewater 
71 UASB 5 2300 120 0.5 78 Lefebvre et al., 2006 
Synthetic 
wastewater 
0-15 UASB 3 1900-6300 11-30 - 55 Kapdan and Erten, 2006 
SFPW 15 UAF 1.1 34 288 2.8 83 Guerrero et al., 1997 
Synthetic 
wastewater 
30-80 GSBR 2 227-4050 - - 99 Moussavi et al., 2014 
Synthetic 
wastewater 
5-15 DFAFBR 2 1100-2900 12-96 - 92.5-99.5 Rovirosa et al., 2004 
SFPW: Seafood processing wastewater; CSTR: Completely stirred tank reactor; UAF: Upflow anaerobic filter; GSBR: Granular sequencing 
batch reactor; DFAFBR: Down-flow anaerobic fixed bed reactor. 
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2.2.4 Determining factors for successful anaerobic system operation 
2.2.4.1 Microbial acclimation to saline wastewater environment 
The inhibitory effect of high saline on microbial activity has been known for a 
long time, especially the activity of anaerobes was found to be more vulnerable under 
saline environment. However, given a suitable strategy, it is still possible to obtain 
high saline adapted biomasses. The importance of microbial acclimation process has 
been confirmed by engineering practices, which some have proposed a gradual 
increase strategy in salinity levels to allow microbial adaptation. Omil et al. (1995) 
reported that with proper microbial adaptation process, the high saline concentration 
in the fish-processing wastewater did not show any toxic effect on the anaerobic 
process, and an active methanogenic biomass adapted to saline condition was 
obtained in their study. Moreover, Feijoo et al. (1995) demonstrated that the toxicity 
of sodium to the biomass depended on several factors, which include the type of 
methanogenic substrate used, the antagonistic effects of other ions in the wastewater, 
and most importantly, the nature and the progressive adaptation of biomass to saline 
condition. In general, the microbial acclimation process is crucial for efficient 
operation of anaerobic process treating saline wastewater. 
 
2.2.4.2 Anaerobic system start-up 
The start-up of anaerobic bioreactors is the most sensitive and challenging phase 
in the anaerobic process, because a good balance of several groups of microorganisms 
has to be established and these microorganisms would be very diverse with respect to 
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their optimal growth environments (Lins et al., 2012). As the growth rates of the 
anaerobic microorganisms tend to be slow, it is vital to supply adequate seed sludge to 
the reactor during system start-up. Using the seed sludge taken from a reactor that 
treats similar kind of wastewater could effectively reduce the start-up period 
(Stronach et al., 1987). In contrary, by using inappropriate seed sludge, the microbial 
community requires a longer duration to acclimatize to the new environment. As 
reported in the literature, unacclimatized seed sludge has demonstrated low specific 
methanogenic activity and would thus also limit the reactor’s performance during 
start-up (Bello-Mendoza and Castillo-Rivera, 1998) 
 
2.2.3.3 Membrane fouling control 
Membrane fouling is a complicated phenomenon during membrane process 
operation, which is mainly contributed by soluble organic matters. Fouling may also 
occur in the form of inner pore blocking by adsorption and membrane surface cake 
layer formation; and the severity of fouling depends on the combined effect of various 
physical, chemical and biological factors and can be impacted by the operating flux 
rate (Escobar et al., 2005). Membrane fouling control is one of the most important 
aspects and parameters in designing membrane processes. Membrane cleaning 
methods have been developed to counteract membrane fouling and scour attached 
foulants. These methods include membrane relaxation, forward flushing, backwashing 
and chemical cleaning. The main mechanisms of membrane cleaning for fouling 
control are illustrated in Table 2.2. 
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Table 2.2. Method of cleaning and control in relation to the type of fouling (Ng, 
2011). 
Fouling 
Category Description Method to Control Fouling 
Organic 
fouling 
Attachment of organic 
species to the membrane 
surface. i.e., humic acid, oil, 
grease 
Pretreatment with an oxidant (Cl or 




Precipitate of soluble salts 
caused by the concentration 
of salts in the feed solution 
during passage across the 
membrane surface. i.e., 
CaCO3, CaSO3, BaSO4 
Pretreatment with an oxidant (Cl or 
NaOCl) or coagulant (alum), chemical 
cleaning 
Biofouling 
Formation of bio-growth 
upon membrane surface. 
i.e., sulphur reducing 
bacteria, extracellular 
polymeric substances (EPS) 
Pretreatment with an oxidant (Cl or 
NaOCl), chemical cleaning (Cl or 
NaOCl), hydraulic cleaning 
Particulate 
fouling 
Formation of cake layer by 
suspended solids. 
Hydraulic cleaning, chemical cleaning 
(caustic soda) 
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CHAPTER 3  




Pharmaceutical industries are characterized by a large number of complex 
medicine products, manufacturing processes, plant sizes as well as the magnitude and 
the quality of produced wastewater. The demands of drugs from the public around the 
world have been increased sharply, principally due to the growth of the human 
populations and the development of medical science for disease encounteration. 
Therefore, a huge amount of hazardous and toxic pharmaceutical effluents is 
generated in the pharmaceutical industries that need to be treated prior to discharge 
(Klavarioti et al., 2009). According to an assessment reported by Enick and Moore 
(2007), up to half of the generated pharmaceutical wastewater is released into the 
aquatic environment without any proper treatment, especially in developing countries. 
In addition, most of the pharmaceutical compounds are produced by chemical 
synthesis on raw materials and involved several multifarious production processes. 
Therefore, pharmaceutical wastewater is categorized as one of the complex industrial 
wastewaters with high concentration of chemical oxygen demand (COD), biological 
oxygen demand (BOD), salinity, toxicity and low BOD/COD ratio (Sreekanth et al., 
2009). Moreover, pharmaceutical wastewater might contain various amounts of 
biological substances, solvents, catalysts, cleaning agents and disinfectants, which 
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have severe negative effects on the aquatic environment (Sreekanth et al., 2009; 
Chelliapan et al., 2011). 
 Numerous studies have been reported that pharmaceutical wastewater is 
mainly treated by physio-chemical and biological processes (Kalavarioti et al., 2009; 
Sreekanth et al., 2009; Chelliapan et al., 2011; Kaya et al., 2013; Shi et al., 2014). 
However, based on cost-effectiveness consideration, biological treatment processes, 
including anaerobic and aerobic systems, are still the favoured options for the 
pharmaceutical industries. Aerobic treatment is a common method for treating 
pharmaceutical wastewater. However, it consumes a large amount of energy for 
aeration and produces large volume of sludge (Marchaim, 1992). In addition, it can 
encounter foaming and bulking issues, which are intensified by the aeration process 
(Chipasa and Mędrzycka, 2006). The anaerobic system, on the other hand, is able to 
handle higher organic loading rates, typical of pharmaceutical wastewater, while 
producing less sludge. It also has lower nutrient requirements and energy 
consumption, hence reducing operating costs (Marchaim, 1992). More importantly, 
the anaerobic process produces valuable biogas that can generate renewable energy 
(Chelliapan & Sallis, 2011). Considering the advantages of the anaerobic treatment 
process, it exhibits great potential to be used for the treatment of pharmaceutical 
wastewater. 
In this chapter, the anaerobic biodegradability of high saline pharmaceutical 
wastewater was investigated using lab-scale batch reactors and anaerobic sequencing 
batch reactor (AnSBR) systems. The results obtained serve as preliminary 
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understanding of the major characteristics of this specific wastewater, and these 
findings could provide important information for the design of anaerobic processes 
(as discussed from chapter four to chapter six), which includes system configuration, 
operating parameters and selection of biomass inoculants. 
 
3.2 Materials and Methods 
3.2.1 Wastewater characteristics 
The wastewater for this study was obtained from a pharmaceutical factory 
located in Singapore, which produces antibiotics of the penicillin family. It consisted 
of a combination of strong and weak wastewaters from the pharmaceutical company. 
The strong wastewater was generated by various production lines, and contained a 
variety of organic and inorganic constituents such as spent solvents, catalysts, 
reactants, etc. The weak wastewater was produced by equipment cleaning. One part of 
strong wastewater and two parts of weak wastewater were mixed as the influent in 
this study according to the pharmaceutical company’s wastewater flow rates and 
treatment process. It must be noted that pH neutralization of the mixed wastewater 
was accomplished by addition of phosphoric acid. Table 3.1 summarizes the 
characteristics of the pharmaceutical wastewater used in this study (the average values 
were calculated based on the whole experimental period). The mixed wastewater, as 
influent fed to the anaerobic processes contained an average COD of 15,365±1,214 
mg/L, total dissolved solids (TDS) of 21,168±3,757 mg/L, total nitrogen (TN) of 
1,422±173 mg/L, and total organic carbon (TOC) of 7,624±710 mg/L. The 
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pharmaceutical wastewater used in this study had high levels of TDS and salinity 
concentrations, which make it different from the wastewater examined in the 
literature. 
 
Table 3.1. Physiochemical characteristics of pharmaceutical wastewater 






Mixed Wastewater  
(1 part of strong and 2 
parts of weak) (mg/L) 
Chemical Oxygen 
Demand (COD) 
34,348±1425 7817±1058 15,365±1214 
Total Organic Carbon 
(TOC) 
17,215±1784 3839±548 7624±710 
Total Nitrogen (TN) 4,021±84 540±38 1422±173 
TAN 112±89 52±52 72±46 
Nitrite (NO2-) N.D. N.D. N.D. 
Nitrate (NO3-) N.D. N.D. N.D. 
Total Dissolved Solids 
(TDS) 
64,383±2113 3867±681 22,168±3757 
Suspended Solids (SS) 433±120 60±33 388±87 
pH 13-14 9-11 7-8 
Chlorides, Cl- 43,810±1020 1626±205 16,134±3971 
Fluoride, F- 202±22 1.7±0.3 109±29 
Sulphates, SO4- 66±6 93±13 54±5 
Sodium, Na+ 22,967±3005 502±150 8362±1760 
Potassium, K+ 8,161±706 257±70 3210±642 
Calcium, Ca2+ 25±3 60±6 54±12 
Major organic pollutant 
(triethylamine, in gCOD) 
26,882±4322 1577±423 9872±2142 
N.D. = Not Detected 
 
3.2.2 Preparation of inoculum 
The seeding biomass used in this study was anaerobic digested sludge taken from 
an anaerobic digester at the Ulu Pandan Water Reclamation Plant (Singapore). The 
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sludge was screened through a 1-mm sieve to remove foreign materials before use. 
The pH, MLSS and MLVSS of the sludge were 7.8, 22,181±1443 and 17,326±1859 
mg/L, respectively. 
 
3.2.3 Design of batch test 
To investigate the anaerobic biodegradability of the pharmaceutical wastewater, 
one lab-scale batch test was conducted under ambient condition (27±1oC). Batch 
reactors with a working volume of 5-L (total volume of 5.5 L) each was seeded with 
the anaerobic sludge, equivalent to 30% of the working volume, and filled with 
pharmaceutical wastewater (the remaining balance of 70%). It was purged with N2 
gas for 5 min to provide an anaerobic condition and agitated at 150 rpm. pH of the 
mix liquor was controlled at neutral level (~7.0) by addition of NaHCO3 buffer 
solution (30 g/L). Produced gas was collected by gas collectors and sampled using a 
1-ml syringe to analyze the biogas compositions. Two types of feedstock were tested 
in this phase: (1) sodium acetate solution (artificial wastewater, prepared by sodium 
acetate and tap water) with the same COD concentration of 10-time diluted 
pharmaceutical wastewater (~ 1,540 mg COD/L); and (2) pharmaceutical wastewater 
with no dilution, 2 times, 5 times and 10 times dilutions. The results obtained in this 
phase were used to determine the dilution factor of the feedstock and the batch cycle 
duration in the continuous operation (Section 3.2.4). 
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3.2.4 Continuous operation of AnSBR system 
The schematic diagram of the AnSBR system is illustrated in Figure 3.1. The 
reactor configuration was same as described in Section 3.2.3. In addition, the duration 
of each batch cycle was 24 h, including 15 min of feeding, 22 h 30 min of reaction, 1 
h of settling and 15 min of decanting. The volumetric exchange rate during decanting 
was set at 10%, which resulted in an HRT of 10 d. 
During system start-up, the AnSBR was initially fed with artificial wastewater 
(sodium acetate solution with a COD of ~1.55 g/L) to minimize any environmental 
shock to the seed sludge. Subsequently, the 10-time diluted real pharmaceutical 
wastewater was stepwisely introduced to the reactor to replace the artificial 
wastewater (the proportion of the 10-time diluted real wastewater was increased from 
0 to 10%, 30%, 50%, 70% and finally 100%). Meanwhile, the organic loading of the 
system was maintained at ~0.155 kg COD/m3.d, to allow the microbial populations to 
adapt to the saline environment. 
 




Figure 3.1. Schematic diagram of AnSBR system 
 
During continuous operation, the dilution factor of the feedstock was gradually 
reduced from 10 times to 5 times, 3 times, 2 times and non-diluted, with organic 
loading rate increased from ~0.155 kg COD/m3.d to ~1.55 kg COD/m3.d, to 
investigate the organic removal efficiencies of the AnSBR at varying substrate 
concentrations. 
 
3.2.5 Analytical methods 
The Standard Methods (APHA, 2005) were used for the measurement of COD, 
TDS, total suspended solids (TSS) and volatile suspended solids (VSS). The TOC and 
TN were analyzed by a TOC/TN analyzer (Shimadzu, Japan) and the total ammonia 
nitrogen (TAN) was determined according to the Salicylate method (Nitrogen, 
Ammonia, High Range, Test ‘N tube) using 425 nm wavelength with a detection 
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range of 0-50 mg/L. Biogas composition (N2, CH4, and CO2) was measured using a 
gas chromatograph (GC17A, Shimadzu, Japan). 
 
3.3 Results and Discussion 
3.3.1 Anaerobic biodegradation potential of pharmaceutical 
wastewater under batch mode 
The organic degradation and methanogenic activity indicated by COD removal 
and methane production can reflect the anaerobic biodegradability of the 
pharmaceutical wastewater when using non-adapted biomass. Regarding COD 
percent removal, as shown in Figure 3.2, 54.2% of the COD in the artificial 
wastewater (same COD concentration as 10-time diluted pharmaceutical wastewater) 
could be removed, while for 10-, 5-, 2- time diluted and the original wastewater, only 
23.3%, 13.3%, 4.1%, and 1.4% of the COD was removed, respectively. A similar 
trend was also observed in the biogas generation, whereby the highest methane 
production was monitored for anaerobic treatment of artificial wastewater, and when 
using diluted real wastewater as substrate, a decrease in dilution factor resulted in 
significantly lower methane production. These findings indicated that the 
pharmaceutical wastewater, which possibly contained refractory and toxic compounds, 
was not easily biodegradable under anaerobic condition using non-adapted biomass. 
For enhancing its anaerobic organic removal efficiency, a microbial adaptation 
process is required during start-up of treatment systems. 
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3.3.2 Start-up of AnSBR 
The purpose of system start-up in this study was to allow microorganisms to 
finally acclimatize to the unfavorable pharmaceutical wastewater environment. 
Therefore, the feedstock was started with readily biodegradable organic - sodium 
acetate solution, and then the feed was stepwisely replaced by 10-time diluted real 
wastewater (Figure 3.3, from phase I to VI) once an efficient COD percent removal of 
more than 70% was achieved by the AnSBR. As illustrated in Figure 3.3, with 
increasing proportion of pharmaceutical wastewater (from phase I to VI), a sudden 
decrease of COD removal efficiency was always observed, followed by a gradual 
recovery in the removal efficiency, which implied that the microorganisms in the 
AnSBR system were capable of withstanding certain degree of environmental shock 
and their metabolism of carbon utilization could be altered depending on their 
accessibility to the organics present in the environment. The start-up phase was 
completed on day 60, when an COD removal performance of 71% was achieved by 
the AnSBR, suggesting that with microbial adaptation, the anaerobic process was 
suitable for 10-time diluted pharmaceutical wastewater treatment.  
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Figure 3.3. AnSBR performance during system start-up (phase I, 0% of 10-time 
diluted wastewater; phase II, 10% of 10-time diluted wastewater; phase III, 30% 
of 10-time diluted wastewater; phase IV, 50% of 10-time diluted wastewater; 
phase V, 70% of 10-time diluted wastewater; phase VI, 100% of 10-time diluted 
wastewater). 
 
3.3.3 Increase of feedstock concentration 
As a satisfactory organic removal efficiency was achieved when treating 10-time 
diluted pharmaceutical wastewater, the wastewater dilution factor was gradually 
reduced to 5 times, 3 times, 2 times and no dilution in order to enhance the organic 
loading of the process. As demonstrated in Figure 3.4, when feeding 10 times and 5 
times diluted wastewater, the COD removal efficiencies were able to maintain at more 
than 60% (phase a and b), while with the dilution factor reduced to 3 times, a 
significant decline in organic removal was observed, and this decline seemed to be 
hardly recovered after 63 d of operation (phase c). Moreover, further increases of 
substrate concentrations (phase d and e) led to even lower organic removal rates of 33 
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and 21%, respectively, which suggested that along with higher organic concentration, 
the increases in salinity and toxicity of the feedstock could have adversely affected 
the microbial activity and hence resulted in lower COD removal effciencies. In 
addition, during continuous operation, the MLSS in the system was maintained at 
2,933-3,415 mg/L, which was found to be independent of the feedstock concentration, 













































a b c d e
 
Figure 3.4. AnSBR performance with increasing feedstock concentrations (phase 
a, 1/10 wastewater; phase b, 1/5 wastewater; phase c, 1/3 wastewater; phase d, 
1/2 wastewater; phase e, original wastewater). 
 
Table 3.2 summarizes the AnSBR effluents at each substrate concentration. 
Regarding organic removal efficiencies (COD, TOC, BOD5), a similar trend was 
observed - the AnSBR could achieve successful removal efficiencies with 10-time 
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and 5-time diluted wastewaters, while higher substrate concentrations resulted in 
significantly lower performance. Meanwhile, it was found that the TN removal 
efficiency was consistently low, ranging between11 to 28%, which could be explained 
by the fact that the majority of nitrogen in the wastewater was existed in the form of 
organic nitrogen (as shown in Figure 3.1), which was not able to be removed through 
denitrification process. It is worth mentioning that as the TDS (mainly NaCl) cannot 
be consumed by biological treatment process, the high salinity as a well-known 
microbial activity inhibitor could be one of the major challenges in the treatment of 
this specific pharmaceutical wastewater. 
 
Table 3.2. Effluent water qualities at different feedstock concentration. 









COD (mg/L) 423(73) 928(65) 3368 (37) 5192 (33) 12,245 (21) 
TOC (mg/L) 199(71) 367(72) 1537 (35) 2718 (30) 6923 (23) 
BOD5 (mg/L) 367(76) 788(74) 3020 (29) 4566 (25) 9786 (19) 
TN (mg/L) 166 (24) 299 (28) 687 (17) 972 (11) 1766 (12) 
TDS (mg/L) 2380 (11) 4510(9) 7840 (6) 12,337 (3) 23,178 (1) 
*% Re: percent removal 
 
3.4 Summary 
In this chapter, the anaerobic biodegradability of high saline pharmaceutical 
wastewater was investigated using lab-scale batch reactors and AnSBRs. Under batch 
test, it was found that the pharmaceutical wastewater is hardly biodegradable under 
anaerobic condition, when using non-adapted biomass as inoculum. Nevertheless, 
with the help of microbial acclimation process, the biomass was able to gradually 
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adapt to the wastewater environment, and COD removal efficiencies of 73 and 65% 
were achieved when the AnSBR was operated with 10-time and 5-time diluted 
wastewater, respectively. However, further increase of feedstock concentration led to 
significant decrease of removal performance, which could be attributed to higher 
saline inhibition and toxicity of the wastewater. In order to further enhance the 
anaerobic organic removal performance, the investigation of system configuration and 
the selection of suitable biomass for such specific wastewater environment could be 
two potential solutions. 
  
 36 | P a g e  
 
CHAPTER 4  
ANAEROBIC TREATMENT OF PHARMACEUTICAL 
WASTEWATER USING ANMBRS 
 
4.1 Introduction  
Pharmaceutical wastewater, one of the most significant gateways for emerging 
pollutants to enter water bodies, is categorized as high-strength wastewater because it 
typically contains high concentration of chemical oxygen demand (COD), ammonia, 
suspended solids or heavy metal. Pharmaceutical wastewater also contains a variety of 
organic and inorganic constituents, including spent solvents, catalysts, reactants and 
small amounts of intermediate products (Fent et al., 2006; Sreekanth et al., 2009). 
Large volumes of complex and obstinate composition wastewaters, along with 
biological substances, cleaning agents and disinfectants are simultaneously produced 
that might pose potential threats, such as endocrine disruption and have severe side 
effects on the aquatic environment (Kasprzyjk-Horden et al., 2008). Even though 
pharmaceutical wastewater may contain diverse refractory organic materials that 
cannot easily be degraded, the anaerobic process of biological treatment is still a 
practical and favored approach for high strength and organically polluted wastewater, 
as the aerobic process requires high-energy consumption and creates foaming issue. 
Anaerobic treatment for pharmaceutical wastewater has been performed using 
several modern technologies. Nevertheless, the washing out of anaerobes and the 
retention of high biomass concentrations in the system are still crucial concerns for 
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the anaerobic treatment process. Therefore, the development of anaerobic membrane 
bioreactor (AnMBR) provides a promising solution, since the AnMBR combines the 
advantages of the anaerobic process with production of a solid-free effluent by 
membrane filtration. In addition, due to its ability to adhere complete biomass 
retention, AnMBR could achieve independent control of HRT and sludge retention 
time (SRT) (Jeison and van Lier, 2007; Huang et al., 2011). For example, Hu and 
Stuckey (2006) operated an AnMBR at a very low HRT of 3 h, and the AnMBR 
produced solid-free effluent with a high reduction of COD. Vyrides and Stuckey 
(2009) also reported that the AnMBR could retain slow-growing bacteria by not 
washing them out from the system, enabling the bacteria to be cultivated under some 
specific critical environments. Moreover, the production of biogas in the AnMBR can 
be used for membrane scouring. Recently, specific studies have reported that the 
application of AnMBR for the treatment of different high-strength wastewaters could 
achieve satisfactory COD removal and biogas yield. The results of these studies are 
summarized in Table 4.1. As can be seen, Zayen et al. (2010) operated an AnMBR for 
the treatment of landfill leachate with a COD value of 15,000-41,000 mg/L at a HRT 
of 168 h, and obtained an average COD reduction of 90% and a satisfactory methane 
yield. However, study on AnMBR for treatment of chemical synthesis-based 
pharmaceutical wastewater for organic removal, system performance, operation 
parameters and membrane fouling has yet to be reported. 
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2.3-13.3 - 9500-10,500 >99 350 Lin et al., 2009 
Slaughter house 
wastewater 4.37-13.27 30-80 15,880 62-96.4 130-310 Saddoud and Sayadi, 2007 
Landfill leachate 1-6.27 168 15,000-41,000 90 460 Zayen et al., 2010 
Fischer Trophsch 
acid water 30 31.5 19,101 97 340 van Zyl et al., 2008 
Molasse-based 
wastewater 5-12.2 48 700-24,200 74 - Wijekoon et al., 2011 
Volatile fatty acid 
mixtures 
wastewater 
10-15 - 10,000-17,000 - - Jeison et al., 2009 
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Although the AnMBR offers many advantages over modern anaerobic processes 
such as combined unit operation that incorporates solids removal and organics 
reduction in one reactor, membrane fouling is still a major concern, especially with 
the high biomass concentration in the AnMBR. In view of this concern, the anaerobic 
bio-entrapped membrane reactor (AnBEMR) has been developed as an alternative to 
the AnMBR. The application of the anaerobic entrapped biomass process has not been 
researched, as previous investigations of the entrapped-biomass technique only 
focused on the aerobic biological processes (Yang et al., 1997; Yang et al., 2002; Kim 
and Yang, 2004; Ng et al., 2010) and aerobic MBRs (Ng et al., 2011; Ng et al., 2012). 
The entrapped-biomass technique was developed for various types of wastewater 
treatment in order to achieve high simultaneous removal of carbon and nitrogen 
within a single through-put process, and with an intention to handle high loads of 
dissolved organics, low suspended biomass concentration and development of slow-
growing bacteria to tackle complex organic compounds (Yang et al., 1997; Yang et 
al., 2002). In recent years, several researches have reported that the entrapped-
biomass technique coupled with the membrane could reduce membrane fouling due to 
lower production of abundant soluble organics and lower suspended biomass 
concentration in the system (Ng et al., 2010; Ng et al., 2011; Ng et al., 2012).  
In this chapter, a novel AnBEMR with low suspended biomass in the reactor was 
compared with an AnMBR designed for the treatment of chemical synthetic-based 
pharmaceutical wastewater, with the objective of evaluating the treatment 
performance at different OLRs and membrane fouling behaviour. As the AnBEMR 
membrane fouling may not be similar to that of the AnMBR, the extracellular 
polymeric substances (EPS) and/or soluble microbial products (SMP) and their 
characteristics during membrane fouling were also investigated. An overall study goal 
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is to develop an affordable and efficient anaerobic process, particularly for the 
treatment of high-strength wastewater. 
 
4.2 Materials and Methods 
4.2.1 Wastewater characteristics 
The description and physicochemical characteristics of the pharmaceutical 
wastewater are discussed in Section 3.2.1 and Table 3.1. 
 
4.2.2 Experimental set-up 
Two lab-scale anaerobic membrane bioreactors (one AnMBR and one 
AnBEMR), each with a total effective volume of 10 L, were simultaneously 
investigated for organic removal and membrane fouling behaviour for the treatment of 
chemical synthetic-based pharmaceutical wastewater. More specifically, each 
AnMBR consisted of a 5-L completely mixed anaerobic reactor coupled with a 5-L 
membrane tank, in which a polyvinylidene fluoride (PDVF) GE hollow fiber 
ultrafiltration (UF) membrane module was installed (Figure 4.1). The membrane 
characteristics and specifications are summarized in Table 4.2. The membrane tank (5 
L) was a circular column with a height of 75 cm, internal diameter of 12 cm and wall 
thickness of 3 mm, and was made of acrylic. The design of having the membrane unit 
external to the anaerobic reactor allowed the ease of membrane cleaning and 
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Table 4.2. Characteristics of the PVDF ultrafiltration membrane. 
Category Characteristics 
Nominal Surface Area 0.047 m2 
Membrane Material PVDF 
Membrane Surface Properties Non-ionic & Hydrophilic 
Nominal Membrane Pore Size 0.04 µm 
Fiber Diameter OD: 1.9 mm, ID: 0.8 mm 
Operating Temperature 0-40 °C 
Maximum Operating Pressure 55 kPa 
Cleaning pH Range 2.0-10.5 
Maximum Cl2 Cleaning Concentration 1000 mg/L 
Permeate Flux Range 5-20 L/m2.h 
 
 
 Figure 4.1. The schematic diagram of anaerobic MBRs. (a) Anaerobic 
membrane bioreactor (AnMBR) and (b) Anaerobic bio-entrapped membrane 
reactor (AnBEMR). 
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 As shown in Figure 4.1, peristaltic pumps were used to feed influent into the 
anaerobic reactor, recycle mixed liquid from the anaerobic reactor to the membrane 
tank and withdraw permeate from the membrane module. The excess mixed liquor in 
the membrane tank was recirculated back into the anaerobic reactor by gravity. A 
magnetic stirrer was used to achieve homogeneous mixing in the anaerobic reactor. 
Level sensors were installed in the anaerobic reactors and membrane tanks to control 
the input of influent and output of membrane permeate. The pH of the AnMBR and 
AnBEMR was monitored by a pH controller pump (Etatron, DLX-PH-RX/MBB) with 
an electrode probe installed in the anaerobic reactor, and was maintained at 
approximately 7.02 using sodium bicarbonate (NaHCO3). The biogas produced in the 
AnMBR and AnBEMR was collected separately in acrylic tube gas collectors for 
biogas sampling. A gas pump (KNF, NMP850) was used to recirculate the produced 
biogas from the gas collector to the membrane tank for membrane scouring. This was 
done via an air diffuser installed beneath the GE membrane module, which allowed 
for membrane fouling mitigation.  
 
4.2.3 Anaerobic Membrane Bioreactors Operation 
Before starting the AnMBR and AnBEMR experiments, all the connection points 
were sealed with grease and araldite to prevent gas leakage and to develop an 
anaerobic environment in the systems. Seeding of the AnMBR was accomplished 
using anaerobic sludge taken from an anaerobic digester of a local municipal sewage 
treatment plant. The anaerobic entrapped bio-balls of the AnBEMR (2.5 cm in 
diameter) were prepared per Yang et al. (2002), and occupied 3 L of the anaerobic 
reactor (reactor volume of 5 L), thus having a packing ratio of 30% (total volume of 
the MBR = 10 L). Prior to the AnMBRs start-up period, the anaerobic sludge for the 
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AnMBR and anaerobic entrapped bio-balls for the AnBEMR were operated in fed-
batch mode with 10% (v/v) of the pharmaceutical wastewater for the inoculation 
process. The inoculation process took about 3 weeks for microbial acclimatization in 
the anaerobic reactor, and connected subsequently with the membrane tank for start-
up. 
The membrane operating cycle employed was 4 min of suction followed by 1 
min of pause. The membrane permeate was withdrawn through the UF membrane by 
suction via a peristaltic pump. Both the AnMBR and AnBEMR were then operated at 
HRTs of 10.6, 14.2, 21.3 and 42.6 h, which are akin to fluxes of 20, 15, 10 and 5 
L/m2h, respectively. The average SRTs of the AnMBR and AnBEMR were calculated 
to be ~700 d based on weekly wasting of 100 mL mixed liquor for sample analyses. 
The ambient operating temperature was 27±1°C. The AnMBR and AnBEMR were 
operated in parallel for the entire experiment, and configurations and operation 
parameters are specified in Table 4.3. Trans-membrane pressure (TMP) was recorded 
by a digital pressure switch (SMC, ZSE50F) installed between the membrane module 
and the membrane permeate pump. An increase in the TMP during the membrane 
operation was directly related to membrane fouling.  Once the TMP exceeded 40 kPa, 
the membrane was cleaned by taking the module out from the membrane tank and 
soaked in 0.5% of sodium hypochlorite (NaOCl) for 12 h, followed by immersion and 
flushing with deionised water.  
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Table 4.3. Operation parameters of the lab-scale AnMBR and AnBEMR. 
Parameter AnBEMR AnMBR 
Carrier Diameter Size (cm) 2.5 - 
Reactor Effective Volume, (L) 10 10 
Sludge Retention Time, SRT (d) 700 700 
MLSS (mg/L) 1,170-2,060 6,000-8,400 
Temperature (°C) 27+1.0 27+1.0 
pH ~7.02 ~7.02 
Permeate Flux (L/m2 h) 5, 10, 15, 20 5, 10, 15, 20 
Hydraulic Retention Time, HRT (h) 10.6, 14.1, 21.3, 42.6 10.6, 14.1, 21.3, 42.6




4.2.4 Analytical Methods 
Influent, effluent (membrane permeate) and mixed liquor were regularly taken 
for analytical analysis. The samples were centrifuged at 9,000 rpm for 10 min, and the 
supernatant was then analysed. The Standard Methods (APHA, 2005) were used for 
the measurement of COD concentration. The TDS, total suspended solids (TSS) and 
volatile suspended solids (VSS) were determined according to the AFNOR 
recommendation (AFNOR, 2005). The TOC and TN were analysed by a TOC/TN 
analyser (TNM-L/TOCL-CSH, Shimadzu, Japan). The TAN was analysed by the 
Hach salicylate method with a spectrophotmeter (DR 5000, Hach) at 425-nm 
wavelength in the detection range of 0-50 mg/L. Biogas composition (H2, N2, CH4, 
and CO2) was measured using a gas chromatograph (GC17A, Shimadzu, Japan). The 
ion elements were measured using ion chromatography (LC20 Chromatography 
Enclosure, DIONEX) for cation analysis and ion chromatography (ICS-1600, 
DIONEX) for anion analysis. The supernatant sample was also filtered through a 
0.45-µm filter paper for the SMP compositions analysis. The EPS were extracted by 
heating at 80oC for 10 min in a water bath, then centrifuged and filtrated following the 
procedure reported by Huang et al. (2011). The total protein and carbohydrate 
contents of the SMP and EPS were determined using the modified Lowry method 
 45 | P a g e  
 
(Lowry et al., 1951; Huang et al., 2011) with bovine serum albumin (BSA) as the 
protein standard, and the Dubios phenol-sulphuric acid method (Dubois et al., 1956; 
Huang et al., 2011) with glucose as the standard, respectively. The absorbance of the 
various prepared samples was subsequently measured using a spectrophotometer (DR 
5000, Hach). 
 
4.3 Results and Discussion 
4.3.1 Start-up of AnMBR and AnBEMR 
Start-up of a bioreactor involves a re-establishment of microbial populations for 
optimal utilization of the substrates in the wastewater. To minimize the organic shock 
loading to the AnMBR, during the start-up process, the proportion of the 
pharmaceutical wastewater (within the feed) was gradually increased as follows: 10, 
30, 60 and 100% of pharmaceutical wastewater, with the HRT maintained at 42.6 h. 
The start-up stage was assumed to be completed when biogas production and 
membrane permeate quality stabilized. The results of the start-up of the AnMBR and 
AnBEMR are shown in Figure 4.2, and it took about 70 d to reach the completion of 
the acclimation period. As shown in Figure 4.2, both the AnMBR and AnBEMR 
achieved 16.0-31.1% COD removal efficiency in the first 10 d, 24.4-41.6% COD 
removal efficiency from day 11 to 30, and 24.5-46.1% COD removal efficiency from 
day 31 to 50. This was a result of the anaerobes subjecting to cultural shock in the 
first 30 d, but gradually adapting and acclimating to the pharmaceutical wastewater 
environment despite the increasing OLR. However, at the end of the feeding period 
with 100% pharmaceutical wastewater from day 51 to 70, the COD removal 
efficiency of both AnMBRs decreased to less than 44%. The methane content was 
around 61-70% during the start-up periods. The methane yield was as low as 40.59-
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78.86 mL CH4/g COD at the beginning of the start-up period, but increased gradually 
to 73.02-133.05 mL CH4/g COD at the end of the start-up periods.  
Start-up Period
Operating Time (d)


































AnMBR Effluent COD 
AnBEMR Effluent COD 
AnMBR % COD Removed 
AnBEMR % COD Removed 
Stage 1 (HRT = 42.6 h) Stage 2 
(HRT = 21.3 h)
Stage 3 (HRT = 14.1 h)
Stage 4
 (HRT = 10.6 h)










1-70 (start-up) 42.6 0.85-9.02 23.6-44.3 19.6-47.8 
71-129 42.6 7.69-9.20 33.3-49.6 36.7-50.8 
130-168 21.3 14.81-19.18 16.1-41.0 15.6-49.0 
169-180 14.1 23.40-27.93 15.0-25.7 17.1-28.4 
181-189 10.6 32.88-36.81 6.83-18.9 11.5-22.5 
 




 47 | P a g e  
 
4.3.2 Treatment Performance of AnMBR and AnBEMR 
4.3.2.1 Organic Removal  
Figure 4.2 shows temporal changes in the influent COD, effluent COD and COD 
removal efficiency at each OLR stage of pharmaceutical wastewater treatment by the 
AnMBR and AnBEMR. The results (Figure 4.2 and Table 4.4) show that the 
AnBEMR achieved approximately 4-10% higher COD removal efficiency than the 
AnMBR, regardless of the HRTs. This could be explained by the fact that the 
entrapped biomass in the bio-balls contained a high concentration of biomass, which 
can greatly enhance the biodegradaion potential of the system (Ng et al., 2010). 
Furthermore, the entrapped-biomass system, as with the immobilized-cell system, 
could have promoted and propagated the slow-growing microbe for the degradation 
process, as attached forms of microbial growth have been reported as effective, robust 
and better able to survive in extreme environments compared with non-attached 
growth (Bishop, 1997; Jou and Huang, 2003).
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Table 4.4. Overall treatment performance of AnMBR and AnBEMR under different organic loading rates. 
Parameter Influent 
Stage 1 (Flux = 5 L/m2.h) Stage 2 (Flux = 10 L/m2.h) Stage 3 (Flux = 15 L/m2.h) Stage 4 (Flux = 20 L/m2.h) 
AnMBR  AnBEMR  AnMBR  AnBEMR  AnMBR  AnBEMR  AnMBR  AnBEMR  
COD (mg/L) 15,365±1214 8767±1687 8331±1338 11,740±2004 10,603±2250 12,818±896 12,314±934 13,158±495 12,441±1008 
TOC (mg/L) 7624±710 4984±1229 4776±1275 5750±1183 5284±1060 6,149±450 5,817±563 6,570±413 6,001±710 
TN (mg/L) 1,422±173 1,139±156 1,272±284 1,485±209 1,460±229 1,287±36 1,267±82 1,311±54 1,315±59 












1138 22,983±722 21,733±333 
SS (mg/L) 388±87 - - - - - - - - 
MLSS (mg/L) - 6537±484 1510±338 7536±424 1712±347 7650±757 1605±273 7900±473 1720±120 
MLVSS (mg/L) - 4577±315 1102±275 5244±261 1200±272 5890±855 1400±292 6233±722 1527±103 
MLVSS/MLSS - 0.72±0.06 0.74±0.14 0.70±0.03 0.70±0.02 0.77±0.05 0.83±0.07 0.82±0.07 0.88±0.04 
Methane (%) - 67.1-71.9 63.1-71.1 66.4-72.9 64.8-72.1 63.3-66.9 64.3-67.8 58.8-62.5 61.1-63.3 
TN (%) - 7.6-13.3 8.0-18.6 7.7-13.4 6.3-17.3 9.2-17.4 15.2-17.3 14.9-21.9 12.1-14.7 
Carbon Dioxide 




















COD/m3.d) - 8.66±0.68 17.12±1.66 27.33±1.21 33.96±2.74 
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The lower and unsatisfactory organic removal efficiencies of the AnMBR and 
AnBEMR could be attributed to the fact that the anaerobic reactors required more 
time for bacteria to degrade the organic compounds and the negative impact of the 
complex organics and high salinity in the pharmaceutical wastewater. The TDS 
concentration was found to be as high as 22,168±3,757 mg/L, with the mixture of 
NaCl and KCl in the pharmaceutical wastewater consisted of more than 90% of the 
TDS concentration, which created a strong saline mixture environment for both 
anaerobic MBRs. Ordinary metabolic functions and degradation kinetics were found 
to be disrupted when the salt concentrations were increased (Woolard and Irvine, 
1994), and the hypersaline condition of the wastewater could have affected the 
biological process due to the loss of biological activity and adverse impact on 
microbial flora (Venkata Mohan et al., 2001; Uygur and Kargi, 2004). As reported by 
Lefebvre and Moletta (2006), the adverse effect of a hypersaline environment with 
chloride concentration above 5-8 g/L could increase the soluble COD concentration, 
due to the release of cellular material by the increase in osmotic pressure. The 
unsatisfactory organic removal efficiency suggested that an additional follow-up 
advanced oxidation process or aerobic process should be required as post-treatment.  
Increasing the OLR did affect the organic removal efficiencies of the AnMBR 
and AnBEMR. As shown in Figure 4.2, at an OLR of 8.66±0.68 kg COD/m3.d (HRT 
= 42.6 h), the COD removal efficiency was 33.3-49.6% and 36.7-50.8% for the 
AnMBR and AnBEMR, respectively. However, when the OLR was increased to 
17.12±1.66 kg COD/m3.d (HRT = 21.3 h), the COD removal efficiency decreased to 
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16.1-41.0% and 15.6-49.0% for the AnMBR and AnBEMR, respectively. When the 
OLR was increased to 33.96±2.74 kg COD/m3.d (i.e., HRT = 10.6 h), only around 
9.1-20.7% COD removal efficieny was observed for both the AnMBR systems. 
Higher OLR values (correspondingly lower HRTs) would result in the anaerobes 
having insufficient time to utilize the nutrients and degrade the organics even though 
the biomass concentration in both reactors was higher at shorter HRT, thus resulting 
in a low COD removal efficiency at the shortest HRT of 10.6 h. The above findings 
are consistent with research performed by Nandy and Kaul (2001) on a FFR treating 
herbal-based pharmaceutical wastewater, whereby they found 76-98% of COD 
removal efficiency at an OLR of 10 kg COD/m3.d and the COD removal efficieny 
was reduced to about 50% when the OLR was increased to 48 kg COD/m3.d. 
Rodríguez-Martinez et al. (2005) also reported that the UASB could achieve 85-90% 
of COD removal efficieny at an OLR of 1.5 kg COD/m3.d., and that the COD removal 
efficiency was dropped to 70% when the OLR was increased to 2.09 kg COD/m3.d. 
Therefore, these observations (high TDS and high OLR) indicate the limitations of 
organic removal in the pharmaceutical wastewater by anaerobic biomass obtained 
from municipal wastewater treatment plant.  
 
4.3.2.2 Biogas Yield 
The biogas composition and methane yield measured in this study are shown in 
Table 4.4. The results show that 58.8-72.9% and 61.1-72.1% of methane was detected 
in the biogas produced by the AnMBR and AnBEMR, respectively. The AnMBR had 
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a methane yield of 87.51-195.97 mL CH4/g COD, while the AnBEMR obtained 
107.41-212.94 mL CH4/g COD of methane yield; the AnBEMR thus produced a 
higher methane yield (by 8-15%) than the AnMBR. This could be explained by the 
fact that the AnBEMR had a higher COD removal efficiency than the AnMBR as 
methane is the end-product of the degradation process. In other words, higher COD 
removal led to a higher methane production rate. Nevertheless, the methane yield 
reported in this study was lower than those reported in the existing literature (~350 
mL CH4/g COD). For instance, Lin et al. (2009) used the AnMBR to treat kraft 
evaporator condensate wastewater, and production of about 350 mL.CH4/g COD of 
methane yield was reported; these results are in agreement with the results given by 
van Zyl et al. (2008), who reported that the AnMBR could achieve 350 mL.CH4/g 
COD of methane yield when treating high-strength wastewater.  
The inhibition of methane yield in this study could be explained by organics 
overloading (Nandy and Kaul, 2001), high salinity conditions (Lefebvre et al., 2006) 
and complex refractory organics that affected the biological treatment process. Ince et 
al. (2002) studied the up-flow anaerobic filter (UAF) for the treatment of chemical 
synthesis-based pharmaceutical wastewater, and showed that the methane yield was 
as low as 200 mL CH4/g COD, which is similar to that discovered in this study. 
Moreover, dissolved methane could be another reason for the lower methane yield, as 
reported by Smith et al. (2012), who found that up to 40-50% of total methane 
produced from the AnMBR could be dissolved in the membrane permeate. The 
solubility of dissolved methane increases as the operating temperature of the 
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anaerobic reactors is lowered (Bandara et al., 2011). Compared to typical anaerobic 
processes, which operate under mesophilic condition, the operating temperature for 
the AnMBRs in this study was lower and hence higher amount of methane could be 
possibly dissolved in the permeate. On the other hand, as shown in Table 4.4, the 
methane yield showed a declining trend with increasing OLR (stage 1 to 4). The 
methane yield of the AnMBR ranged from 108.52 to 195.97 mL CH4/g COD with an 
OLR of 8.66±0.68 kg COD/m3.d. The methane yield dropped to 87.51-111.02 mL 
CH4/g COD when the OLR was increased to 33.96±2.74 kg COD/m3.d. These results 
were similar to those of the AnBEMR in this study, where the methane yield of the 
AnBEMR was 107.41-212.94 mL CH4/g COD but reduced to 110.23-130.74 mL 
CH4/g COD when the OLR was increased from 8.66±0.68 to 33.96±2.74 kg 
COD/m3.d. 
 
4.3.2.3 TAN removal 
Ammonia is one of the hydrolysis products formed during the degradation of 
proteineous organic materials, and it plays a crucial role in the performance and 
stability of the anaerobic process. Monitoring of TAN was started on the 70th day 
when the AnMBRs achieved steady-state condition. The influent, effluent TAN and 
TAN removal efficiency of both the AnMBR and AnBEMR are shown in Figure 4.3. 
The influent TAN concentration was in the range of 135-305 mg/L, while the TAN 
concentration in the permeates of the AnMBR and AnBEMR was found to be higher 
than those in the influent, with a removal efficiency of -667.9 to -85.1% and -716.7 to 
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-190.9%, respectively. The results are consistent with previous studies, which used a 
full-scale UASB to treat chemical synthetic-based pharmaceutical wastewater, and 
found that the removal of TAN was -116.7 to 10.6% with an average TAN removal 
efficiency of -68.75% (Chen et al., 2001a; Chen et al., 2001b). The increase in 
effluent TAN concentration could be explained by the breakdown of the total organic 
nitrogen in the raw wastewater under anaerobic conditions (Chen et al., 2011a; Chen 
et al., 2011b). It is worth mentioning that the concentrations of effluent TAN in the 
AnMBR and AnBEMR can be up to 1,480 and 1,470 mg/L, respectively, which might 
inhibit methanogenesis as ammonia is regarded as a potential inhibitor (Orhan and 
Burak, 2013). Rajinikanth et al. (2013) did a comprehensive review on the inhibition 
of the anaerobic digestion process by excess ammonia, and reported that critical 
hindrance and severe disturbance may occur during the anaerobic process, when the 
total ammonia levels were up to 1,500-1,700 mg/L. Gallert and Winter (1997) found 
that a high concentration of ammonia (560-568 mg TAN/L) caused a 50% inhibition 
of methanogensis at a pH of 7.6; the anaerobic reactor might also fail or slow down 
when the free ammonia nitrogen concentration was around 1,700-1,800 mg/L 
(Albertson, 1961). The high concentration of ammonia nitrogen could be responsible 
for the unsatisfactory organic removal and lower methane yield of the AnMBR and 
AnBEMR observed in this study. 
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Figure 4.3. Variation of influent, effluent TAN, and TAN removal efficiency in 
the AnMBR and AnBEMR. 
 
4.3.3 Membrane fouling in the AnMBR and AnBEMR 
4.3.3.1 The biomass levels  
Membrane fouling is an extremely complex phenomenon and anaerobic 
membrane fouling is especially hard to identify. Both the AnMBR and AnBEMR 
were operated with a membrane filtration mode of 4 min ON and 1 min OFF; the 
development of TMP as a function of operating time under different fluxes is 
illustrated in Figure 4.4. The operating time with the TMPs of the AnMBR increased 
to 40 kPa were 35.1, 124.6, 442.8 and 681.5 h at HRTs of 10.6, 14.1, 21.3 and 42.6 h, 
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respectively, while those of the AnBEMR were 40.7, 142.5, 509.8 and 936.3 h. The 
AnBEMR took a longer duration to reach the targeted TMP (40 kPa) regardless of the 
different fluxes, and this extended the membrane operating time by 254.8 h for the 
lowest flux (5 L/m2.h) and 5.7 h for the highest flux (20 L/m2.h). The longer 
membrane filtration run might be attributed to less biomass concentration in the 
mixed liquor and lower EPS and SMP production in the AnBEMR. The development 
of slow-growing bacteria that could assimilate dead or inactive microorganisms and 
low suspended biomass concentrations are the essential aspect of the entrapped 
biomass concept. For instance, the AnMBR had a mixed liquor suspended solids 
(MLSS) concentration of 6,053-8,407 mg/L, while the AnBEMR had only 1,172-
2,059 mg/L of MLSS concentration. It has been reported that a high level of biomass 
in the MBR would lead to faster membrane fouling by cake fouling (Chae et al., 
2006), and these conclusions were supported by Charfi et al (2012), who studied the 
fouling mechanisms of the AnMBR and found that the cake formation was the 
principal fouling mechanism in the AnMBR. Furthermore, Ng et al. (2011) compared 
the conventional MBR and bio-entrapped MBR for the treatment of wastewater from 
food and beverage processing and reported that the bio-entrapped MBR sustained 
longer service duration with less susceptibility to fouling.  
Figure 4.4 also shows that the TMP increased significantly as the HRT was 
decreased, which is in agreement with previous studies (Le-Clech et al., 2003; Chae et 
al., 2006; Meng et al., 2007; Meng et al., 2009; Fallah et al., 2010; Huang et al., 2011; 
Ng et al., 2011). The decrease in the HRT also led to an increase in membrane flux, 
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which was expected to accelerate the degree of membrane fouling. This phenomenon 
could have been due to the increase of biomass concentrations (Chang et al., 2006; 
Meng et al., 2007), increment of the EPS and SMP concentrations (Meng et al., 2009; 
Fallah et al., 2010) and flux rises above critical flux (Chang et al., 2006) when the 
HRT was reduced. Nagaoka et al., (1998) found that with a sudden rise in TMP and 
decline in flux in the submerged MBR and the MBR operating with a high OLR, 
membrane cleaning could not be recovered. The biomass concentration was 
significantly affected by the HRT as high OLR implies more food substrates were 
supplied to the microorganisms to encourage the growth of biomass. It was observed 
that the MLSS had a high value when the HRT was reduced, and thus probably 
accelerated membrane fouling by cake layer, increasing the cake layer resistance to 
the AnMBRs. For example, Fane et al. (1981) reported membrane resistance 
increased linearly with MLSS concentration, while Meng et al. (2007) reported that 
lower HRT could increase the MLSS and sludge viscosity, which would then decrease 
the low shear stress that in turn, increased fouling potential and cake resistance to 
MBR. As with all the membrane processes, turbulence was created by aeration to 
increase mass transfer and reduce membrane fouling, but higher concentration of 
MLSS could inhibit mass transfer (Chang et al., 2002) and limit substrate diffusion 
(Meng et al., 2007). The data obtained in this study do not explain the exact 
membrane fouling mechanisms caused by biomass concentration with the impact of 
HRT, but did point out that the HRT and MLSS are key issue affecting membrane 
permeability. Moreover, two patterns in TMP change were observed in Figure 4.4: at 
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low flux conditions (HRTs of 42.6, 21.3 and 14.1h), the TMP change was constant 
initially followed by a steep change; while at the highest flux condition (HRT of 10.6 
h), the TMP change increased linearly with time. This interesting phenomenon could 
be attributed to the high suction force under high flux condition. At low flux 
conditions, the 1 min relaxation of suction mode and air scouring can effectively 
reduce the foulant accumulation rate on the membrane surface, and thus the TMP 
remained constant during the initial stage; while at high flux condition, the high 
membrane suction force became the major contributor of foulant accumulation, hence 
the TMP increase appeared linearly with time.  
a) HRT = 42.6 h (Flux = 5 L/m2.h)
Operating Time (h)
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C) HRT = 14.1 h (Flux = 15 L/m2.h)
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d) HRT = 10.6 h (Flux = 20 L/m2.h)
Operating Time (h)


























Figure 4.4. The development of TMP under different HRT: (a) HRT = 42.6 h (5 
L/m2.h); (b) HRT = 21.3 h (10 L/m2.h); (c) HRT = 14.1 h (15 L/m2.h); and (d) 
HRT = 10.6 h (20 L/m2.h). 
 
4.3.3.2 EPS and SMP 
Many studies have reported that EPS and SMP are the main foulant agents for 
the MBRs (Le-Clech et al., 2003; Meng et al., 2009; Huang et al., 2011). EPS are 
defined as the construction materials for microbial aggregates such as biofilms, flocs 
and activated sludge liquors, while SMP are the byproducts of microbial growth and 
decay, as well as products from the dissolution of bound EPS. EPS and SMP usually 
consist of polysaccharides, proteins, lipids and nucleic acids (Le-Clech et al., 2003; 
Meng et al., 2006; Meng et al., 2009). EPS and SMP amounts in the AnMBR and 
AnBEMR increased when the HRT was decreased; these phenomena are shown in 
Figures 4.5 and 4.6, respectively. The AnMBR produced greater amounts of EPSp, 
EPSc, SMPp and SMPc than the AnBEMR for all the HRTs, except for the SMPp at a 
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HRT of 14.1 h. The higher EPS and SMP concentrations in the AnMBR could be 
explained by the concentration of suspended biomass in the AnMBR being higher 
than that in the AnBEMR, which possibly offered more chance for biomass growth 
and biomass decay when EPS and SMP were released into the solution from substrate 
metabolism. These results are supported by Meng et al. (2007), who reported 
increasing of EPS concentration with increasing MLSS concentration as higher MLSS 
content exhibited higher viscosity and formed poor cake layer permeability that 
caused an increase in the filtration resistance of the membrane, especially when 
controlling the mechanical stress caused by shear force in the reactor. Furthermore, 
the microbial environment in the AnBEMR was relatively active, as the highly porous 
surface of bioball can facilitate an efficient nutrient transfer through the outer and 
inner parts of bioball (Ng et al., 2011).  
Figures 4.5 and 4.6 also show that an increase in the OLR (as the HRT was 
reduced) resulted in increase of the EPSp, EPSc, SMPp and SMPc. For instance, in 
the AnMBR, the protein and carbohydrate concentrations in the EPS and SMP 
followed a similar trend, whereby the protein and carbohydrate concentrations were 
the highest at a HRT of 10.6 h, followed by HRTs of 14.1, 21.3 and 42.6 h. A higher 
HRT would result in a low fouling propensity due to lower concentration of EPS and 
SMP. For example, Chae et al. (2006) reported that when the HRT was decreased 
from 10 to 4 h, the EPS concentration and mean floc size were increased that resulted 
in a worsening of biomass settleability and membrane resistance, whereas Fallah et al. 
(2010) compared MBRs with HRTs of 18 and 24 h for removing styrene from 
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synthetic wastewater and found that the EPS and SMP concentrations were increased 
when the HRT was reduced to 18 h. This could possibly be attributed to the un-
degraded substrates at a lower HRT, which increased the possibility of external and 
internal pore blocking and biocake growth on the membrane surface (Huang et al., 
2011); the EPS could actually hold the flocs tightly on the membrane, which make it 
more difficult to eliminate the foulants on the membrane surface (Jeison and van Lier, 
2007). Decreasing of HRT could increase the biomass viscosity by an increase of 
biopolymers and hence reduce membrane permeate flux. Meng et al. (2006) reported 
that high EPS concentration could have seriously increased the dynamic viscosity of 
the mixed liquor, and membrane scouring is not effectively to remove the foulants 
when the particles and polymers with high viscosity were deposited onto the 
membrane surface. This has also been reported previously by Meng et al. (2007), who 
found that production of bound EPS and biomass viscosity were increased when the 
food-to-microorganism ratio (F/M) and OLR were increased, which led to rapid 
decline of membrane permeate flux. This could be attributed to polymer being 
accumulated on the membrane surface by the higher dynamic viscosity, and the 
formation of bound EPS that was growth-related and produced in direct proportion to 
substrate utilization.  
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HRT = 42.6 h HRT = 21.3 h HRT = 14.1 h HRT = 10.6 h  
HRT (h) EPS SMP 
Protein (mg/L) Carbohydrate 
(mg/L) 
Protein (mg/L) Carbohydrate 
(mg/L) 
42.6 41.47±3.71 17.09±5.45 17.56±3.76 8.26±2.48 
21.3 66.24±10.65 19.72±4.12 31.39±6.82 13.10±0.71 
14.1 89.28±18.73 55.07±4.42 34.44±3.78 27.31±7.01 
10.6 110.86±28.28 91.62±5.20 44.38±10.72 38.19±12.34 
 
Figure 4.5. EPS and SMP concentration at various HRTs (Stage 1 – 4) of the 
AnMBR. 
 
Proteins, rather than carbohydrates, were found to be the major component of the 
EPS and SMP in the AnMBR and AnBEMR under the studied HRTs (Figures 4.5 and 
4.6). The results were consistent with several previous studies (Le-Clech et al., 2003; 
Huang et al., 2011; Meng et al., 2009) that showed protein is the major component in 
the EPS and SMP. Membrane fouling was reported to be increased as the HRT was 
decreased from 42.6 to 10.6 h, and the increment of proteins concentration (EPS and 
SMP) was higher than the carbohydrates. Thus, it can be assumed that the 
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concentration of protein in the liquid phase of mixed liquor would play an important 
role in membrane fouling. However, this may not always hold true as Rosenberger et 
al. (2006) and Yigit et al. (2008) have also shown that polysaccharide-like substances 
are the major component. Based on the findings of Meng et al. (2006), protein was 
found to be predominant in the EPS and SMP, and contributed as the major foulant; 
Ng et al. (2010) has also proven that the proteins induced severe membrane fouling 
when they investigated the effects of protein (L-Tyrosine) and carbohydrate (glucose) 
on membrane filtration under different fluxes since proteins could narrow the 
membrane pore via adsorption, and hydrophobic proteins might exacerbate membrane 
fouling. 
  

































HRT = 42.6 h HRT = 21.3 h HRT = 14.1 h HRT = 10.6 h
(b) Anaerobic Bio-entrapped Membrane Reactor
 
HRT (h) EPS SMP 
Protein (mg/L) Carbohydrate 
(mg/L) 
Protein (mg/L) Carbohydrate 
(mg/L) 
42.6 27.46±8.43 12.35±3.60 15.39±3.14 6.99±2.40 
21.3 49.58±4.57 14.02±2.65 29.82±6.47 10.32±0.90 
14.1 73.32±13.48 34.62±1.58 36.26±6.12 26.06±6.06 
10.6 99.67±21.47 57.04±4.27 42.90±5.74 32.67±6.57 
 




The AnMBR and AnBEMR were tested at laboratory scale for the treatment of 
pharmaceutical wastewater and investigation of membrane fouling behaviour under 
different HRTs. The wastewater was high in COD (15,365±1214 mg/L) and TDS 
(22,168±3757 mg/L). Both the AnMBRs were operated at an OLR between 7.983 and 
36.695 kg COD/m3.d. The AnBEMR demonstrated good treatment performance, 
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achieving approximately 4-10% higher COD removal and 8-15% higher methane 
yield than the AnMBR. Decreasing HRT or increasing OLR (Stage 1-4) resulted in 
lower organic removal efficiencies and methane yields from the AnMBR and 
AnBEMR. The lower treatment performances (10-50% COD removal efficiency) for 
the AnMBR and AnBEMR could be attributed to the hindering of the anaerobic 
process and inhibition of methanogensis by the high salinity (high TDS concentration), 
high OLR and ammonia nitrogen in the both systems. The lower biomass 
concentration and lower concentrations of the EPS and SMP (in terms of proteins and 
carbohydrates) in the AnBEMR extended the membrane filtration time, as the 
AnBEMR sustained a longer service duration of 5.7, 17.9, 67 and 254.8 h than the 
AnMBR at fluxes of 20, 15, 10, 5 L/m2.h, respectively. The AnBEMR produced less 
EPSp, EPSc, SMPp and SMPc than the AnMBR did. Under the experimental 
conditions, the increment of membrane fouling and proliferation of EPSp, EPSc, 
SMPp and SMPc concentration were due to the increase in OLR or decrease in HRT. 
Proteins, rather than carbohydrates, were found to be the major component of the EPS 
and SMP in the AnMBR and AnBEMR. It can be postulated that the application of 
the anaerobic entrapped biomass coupled with the membrane as in the AnBEMR 
achieved better treatment performance and lower production of EPS and SMP, and 
thereby reduce the rate of membrane fouling. 
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CHAPTER 5 
ANAEROBIC TREATMENT OF PHARMACEUTICAL 
WASTEWATER USING UASB WITH AEROBIC POST-
TREATMENT 
5.1 Introduction 
With the rapid growth of human needs, the development of pharmaceutical 
production has resulted in larger volumes of multifarious waste emission in recent 
decades. Pharmaceutical wastewaters are generated through complex manufacturing 
processes that contain a variety of organic and inorganic constituents, and are usually 
characterized by a high concentration of chemical oxygen demand (COD), suspended 
solids, dissolved solids (salts), toxicity and refractory compounds (Chelliapan et al., 
2011; Cokgor et al., 2004; Rao et al., 2005). The wastewaters are not suitable for 
physical and/or chemical treatment due to their low efficiency in dissolved COD 
removal and the fact that they require high consumption of chemicals (Oktem et al., 
2007). Therefore, biological means would still be promising and practical for treating 
these specific wastewaters. 
Anaerobic technology is considered favorable for high-strength wastewater 
treatment, especially various anaerobic systems have been widely applied for the 
treatment of pharmaceutical wastewaters, such as up-flow anaerobic sludge blanket 
(UASB) (Chen et al., 2011, Sreekanth et al., 2009), anaerobic fixed film reactor 
(AFFR) (Rao et al., 2005), and up-flow anaerobic stage reactor (UASR) (Chelliapan 
et al., 2011). Successful organic removal from pharmaceutical wastewater has been 
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reported by Sreekanth et al. (2009), who found removal efficiencies of 65-75% for 
COD and 80-94% for biological oxygen demand (BOD) were achieved by a hybrid 
UASB reactor at an optimum organic loading rate (OLR) of 9 kg COD/m3.d. Rao et al. 
(2005) also found that 60-70% of COD and 80-90% of BOD were removed from a 
bulk drug wastewater via an AFFR with an OLR of 10 kg COD/m3.d. However, as 
reported by Chelliapan et al. (2011), an unsatisfactory COD removal efficiency of 45% 
was observed with an OLR of 3.73 kg COD/m3.d. The differences in the anaerobic 
treatment performances could be explained by the different wastewater characteristics, 
which include salinity, toxicity and refractory compounds that are hardly 
biodegradable under anaerobic conditions. In order to satisfy the tightening legislation 
on effluent water quality standards, a subsequent aerobic process is required for 
further organic residue removal from the anaerobic effluents (Chen et al., 2008). As 
reported by Pophali et al. (2007), activated sludge system as an aerobic post-treatment 
process could further enhance the COD percent removal from 62 to 96.4% in the 
treatment of purified terephthalic acid wastewater. Moreover, anaerobic-aerobic 
systems have been widely employed in treating industrial and municipal wastewater 
for many years. Efficient organic removal (overall COD removal efficiency >90%) 
has been reported using such two-stage processes for the treatment of textile 
wastewaters, food solid waste leachates, pulp and paper industry effluents, etc. 
(Agdag and Sponza, 2005; Isik and Sponza, 2008; Tezel et al., 2001). However, to 
date, there are still few applications of the sequential anaerobic-aerobic process for 
the treatment of high-strength pharmaceutical wastewater. 
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High salinity in wastewaters is another key issue affecting the performance of 
biological processes. This is because high salinity concentration could cause 
unbalance osmotic stress across the cell wall and lead to plasmolysis as water is lost 
from microbial cells through osmosis. This could eventually lead to the failure of 
biological treatment systems (Vallro et al., 2003). It has been known for a long time 
that a sodium concentration exceeding 10 g/L strongly inhibits methanogenesis 
(Kugelman and McCarty, 1963). Vallro et al (2003) reported that a high NaCl 
concentration (25 g/L) would completely inhibit non-adapted granular inoculum 
sludge at thermophilic (55°C) conditions in the biodegradation of methanol. 
Consequently, high-saline wastewater has to be diluted prior to biological treatment in 
most cases, which not only increases the consumption of water resources but also 
introduces additional operation costs to the process (Zhang et al., 2012). Therefore, 
understanding the effect of salinity on microbial activity and the process of microbial 
adaptation to a saline environment are essential. 
In this chapter, a sequential anaerobic-aerobic process was applied to investigate 
the treatment of pharmaceutical wastewater with high salinity. A lab-scale UASB was 
operated as the anaerobic pretreatment process, and the process start-up and OLR 
optimization were discussed mainly based on organic removal and CH4 production. 
The effect of salinity on the anaerobic process was further investigated by feeding the 
UASB with ion exchange resin (IER)-treated pharmaceutical wastewater. The 
efficiencies of a membrane bioreactor (MBR) and a sequencing batch reactor (SBR) 
as the aerobic post-treatment process were also studied for the treatment of the UASB 
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effluent. Finally, the overall performances of the UASB+MBR and UASB+SBR 
systems were evaluated and compared in view of the final effluent quality. 
 
5.2 Materials and Methods 
5.2.1 Wastewater characteristics 
The description and physicochemical characteristics of the pharmaceutical 
wastewater were discussed in Section 3.2.1 and Table 3.1. 
 
5.2.2 Reactor configuration and operation 
In this study, three different types of bioreactors were applied for pharmaceutical 
wastewater treatment: an UASB for anaerobic pre-treatment, and a MBR and a SBR 
for aerobic post-treatments. All the reactors were operated at ambient temperature 
(27±1oC). The effective volumes of the UASB, MBR and SBR were 6.3, 7 and 4 L, 
respectively. The UASB was seeded to 30% (v/v) of its working volume with granular 
sludge (17.9 g VSS/L) obtained from a full-scale expanded granular sludge bed 
(EGSB) treating high-strength food processing wastewater. The schematic of the 
UASB design is shown in Figure 5.1. For the system operation, during the initial stage 
of approximately 60 d, two-time diluted wastewater was introduced to the UASB for 
microbial acclimation. Once the system performance was stabilized with consistent 
removal of COD, original wastewater without dilution was fed to the UASB, and the 
OLR was step-wisely optimized with a range of hydraulic retention times (HRTs) (36-
96 h). The UASB effluent was kept at 4oC for aerobic post-treatments. 
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Figure 5.1. The schematic diagram of UASB 
 
To improve the final effluent water quality, the SBR and MBR were performed 
in parallel for the treatment of UASB effluent (temperature brought to ambient 
temperature of 27±1oC prior to feeding) collected at the optimum OLR (8.11±0.31 kg 
COD/m3.d), and their performances as aerobic post-treatment processes were 
investigated and compared. The MBR was equipped with a flat-sheet polyolefin 
microfiltration membrane with a nominal pore size of 0.45 μm, which attached to a 
single module support and immersed into the MBR. The effective membrane area was 
0.11 m2, and the contact angle of the clean membrane surface was found to be 72o (Ng 
and Ng, 2010). The membrane operating cycle consisted of 8 min of suction followed 
by 2 min of relaxation. On a weekly basis, the membrane module was taken out from 
the MBR and the membrane surface was gently wiped with a sponge. Given that the 
MBR was operated at a low-flux condition (0.98 L/m2/h), no severe membrane 
fouling was observed during the entire period of the research. The SBR was operated 
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with 12-h cycles throughout the experiment, and the details of each cycle were as 
follows: 30-min feeding; 10.5-h reaction; 30-min settling and 30-min withdrawal. In 
addition, both the MBR and SBR used in this study were initially inoculated with 
activated sludge (2.3 g VSS/L) obtained from the wastewater treatment plant of the 
pharmaceutical company; this sludge had been used for aerobic treatment of the same 
pharmaceutical wastewater for more than one year. Therefore, the biomass in both the 
MBR and SBR has been fully acclimatized to this specific pharmaceutical wastewater. 
The HRT, SRT and dissolved oxygen of the reactors were 65 h, 20 d and 3 mg/L, 
respectively. 
 
5.2.3 Salinity effect on the anaerobic process 
Ion exchange is a commonly-used technique for softening hard water and water 
demineralization. Ion exchange resins (IER) contain fixed cations or anions capable of 
reversible exchange with mobile ions of the opposite charges in the solutions 
(Lefebvre and Moletta, 2006). In this study, to understand the effect of salinity on the 
anaerobic process, the wastewater was treated by mixed bed IER (A400 OH: C100 H 
= 1.65:1, Purolite) with different doses for salt removal, and the treated wastewater 
was fed to the UASB at the optimum OLR for 130 d of operation. 
 
5.2.4 Analytical methods 
The Standard Methods (APHA, 2005) were used for the measurement of the 
COD, TDS, total suspended solids (TSS) and volatile suspended solids (VSS). The 
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total organic carbon (TOC) and total nitrogen (TN) were analyzed by a TOC/TN 
analyzer (TOC-VCSH, Shimadzu, Japan), and the TAN was determined according to 
the Salicylate method (Nitrogen, Ammonia, High Range, Test ‘N tube) with a 
detection range of 0-50 mg/L measured at 425 nm wavelength. Biogas composition 
(i.e., N2, CH4, and CO2) was measured using a gas chromatograph (GC17A, 
Shimadzu, Japan). The ion elements were analyzed using an ion chromatograph (LC 
20 Chromatography Enclosure, DIONEX) for cation composition, and an ion 
chromatograph (ICS-1600, DIONEX) for anion composition. 
 
5.3 Results and Discussion 
5.3.1 Performance of the UASB 
5.3.1.1 Start-up of the UASB 
The start-up of anaerobic bioreactors is the most sensitive and challenging phase 
in the anaerobic process, because a good balance of several groups of microorganisms 
has to be established, and these microorganisms would be very diverse with respect to 
their optimal growth environments (Lins et al., 2012). Normally, anaerobic reactors 
are started by acclimatizing the seeding biomass with readily biodegradable substrates 
such as glucose and sewage, and subsequently, the substrate would be replaced with 
the original wastewater in a stepwise manner (Chen et al., 2011; Oktem et al., 2007; 
Sreekanth et al., 2009). However, given that the granular sludge was obtained from an 
EGSB treating high-strength food processing wastewater, the biomass should have 
been adapted to wastewater with a high organic content. Therefore, the UASB was 
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directly fed with two-time diluted pharmaceutical wastewater with an OLR of 
4.18±0.12 kg COD/m3.d during the start-up period. 
Figure 5.2 shows the performance of the UASB during the start-up phase that 
lasted for 60 d. As can be seen, a clear lag phase with very low COD removal and 
CH4 production was observed in the initial 20 d. This phenomenon indicated that the 
new environment was not favorable for the growth of the seeding microorganisms. In 
order to utilize the specific organics in the wastewater, new metabolic pathways for 
biodegradation have to be established in the microbial cells, and various related RNA, 
enzymes and other molecules have to be synthesized during this period (Zwietering et 
al., 1990). Therefore, the observation of low organic removal during the lag phase 
was expected. From day 21 to 43, a significant increment of COD removal was found, 
suggesting gradual microbial acclimation to the pharmaceutical wastewater. As a 
result of fast growth and substrate utilization by the microorganisms, a stable 
performance of the UASB was achieved with a COD removal efficiency of 57.7±3.8% 
from day 44 to 60. Consequently, a similar trend of CH4 production was observed, 
and a stable CH4 yield of 283±47 mL CH4/g CODrem was detected from day 44, which 
is close to the theoretical value of 350 mL CH4/g COD, reflecting the healthy 
condition of the methanogens. According to Michaud et al (2002), CH4 yield could be 
applied as an indicator for process monitoring during the start-up of anaerobic 
processes. Therefore, the UASB start-up was considered accomplished from day 44-
60 since the CH4 yield had been stabilized.  
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Figure 5.2. Performance of the UASB during the start-up period. 
 
5.3.1.2. Performance of the UASB at different OLRs  
After the completion of the start-up phase, the feedstock was first switched from 
two-time diluted wastewater (Figure 5.3 - phase 1) to the original wastewater (Figure 
5.3 - phase 2). Meanwhile, the HRT of the UASB was increased from 48 to 96 h in 
order to retain a similar OLR and thus avoid any microbial shock due to the dramatic 
increase in organic content and salts from the feedstock. From day 60, it was found 
that the COD removal efficiency dropped significantly from 57.7 to 25.7% within two 
days, and then gradually increased to 46.2±5.6% from day 64 to 100. This observation 
implies that with the increase of substrate concentration (a two-time increase), the 
refractory and toxicity compounds in the pharmaceutical wastewater were increased, 
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which could probably have affected the anaerobe activity and biodegradation 
efficiency. 
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Figure 5.3. Performance of the UASB during process optimization. 
 
From phase 3 to 5 (Figure 5.3), the UASB was operated with higher OLRs by 
reducing the HRT (from 96 to 36 h) to study the optimum OLR. At each OLR, the 
UASB was operated to reach a steady-state condition, whereby a constant gas 
production rate (±5%) and effluent COD level (±8%) were achieved (Sreekanth et al., 
2009). As the HRT was decreased from 96 h (phase 2) to 48 h (phase 3), the COD 
removal efficiency was found to be decreased initially, and then increased to about 
42.1±4.6% during the 44 d of operation. However, a HRT of 36 h (phase 4) led to a 
remarkable decline of COD removal efficiency that ranged from 26.2 to 34.1%. In 
addition, in phase 4, a lower effluent pH than those in other phases was observed, as 
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shown in Table 5.1. This phenomenon might be explained by the overloading of the 
organic content and accumulation of volatile fatty acids (VFAs) during acidogenesis 
in the UASB (Fallah et al., 2010; Sun et al., 2006). Subsequently, the HRT was 
switched back to 48 h for another 40 d of operation in phase 5 (day 184 to 224) to 
investigate the recovery of the UASB performance. It was observed that the treatment 
efficiency was fully recovered in phase 5, and a stable COD removal similar with 
phase 3 was observed. Therefore, the UASB performance was optimized with an OLR 
of 8.11±0.31 kg COD/m3.d and a HRT of 48 h, achieving a COD removal efficiency 
of 41.3±2.2%. Again, the CH4 yield corresponded well with the COD removal trend, 
which showed a stable CH4 composition of 65.1-72.5% in the produced biogas 
throughout the whole period of operation, suggesting a healthy methanogenic 
condition. 
Table 5.1. Performance of the UASB at different OLRs. 
Phase 1 2 3 4 5 
Feedstock 1/2 PW PW PW PW PW 
OLR (kg COD/m3.d) 4.11±0.18 4.03±0.27 8.16±0.64 11.26±2.02 8.08±0.41 
HRT (h) 48 96 48 36 48 
COD removal (%) 57.7±3.8 46.2±5.6 42.1±4.6 33.4±5.5 41.1±2.9 
CH4 yield (mL CH4/g 
CODrem) 
283±47 233±47 235±31 166±41 224±33 
pHeff 7.34±0.11 7.22±0.04 7.13±0.06 6.44±0.24 6.98±0.13 
 
5.3.2. Effect of salinity on the anaerobic process 
It is well known that the performance of anaerobic processes could be strongly 
inhibited by high salinity, and several studies on the effect of salinity on anaerobic 
digestion have been conducted either by a series of dilutions to the real wastewater or 
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by addition of salts to synthetic substrates (Fang et al., 2011; Ji et al., 2009; Lefebvre 
and Moletta, 2006; Panswad and Anan, 1999). However, dilution of real wastewater 
would lower the concentration of complex organics, while synthetic substrates could 
not represent the real wastewater. Such alteration to the original wastewater 
characteristics and usage of synthetic substrates might lessen the significance of the 
research findings. Therefore, IER was applied as a pre-treatment process in this work 
to remove the TDS (salts) present in the wastewater while retaining the majority of 
organics in the wastewater, so that the effect of salinity on the anaerobic process for 
the treatment of pharmaceutical wastewater could be studied. 
IER dose (g IER / L PW)
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Figure 5.4. TDS and COD removal at different IER doses. 
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A batch test was first conducted to understand the relationship between the 
applied IER dose, the removal of TDS and the simultaneous removal of organics. As 
illustrated in Figure 5.4, a good linear relationship was observed between IER dose 
and the removal of TDS (with R2=0.9851), which suggested the feasibility of using 
IER to remove different amounts of TDS for investigation of the effect of salinity on 
the anaerobic process. Under the studied experimental condition, it was found that 22% 
of the COD was removed along with the removal of 80% of TDS, suggesting that the 
IER treatment should not greatly affect the organic compositions of the wastewater. 
Nevertheless, as shown in Table 5.2, a simultaneous removal of COD, TOC and TN 
of 4,041, 2,613 and 275 mg/L respectively, was observed at a maximum IER dosage 
of 240 g IER/L PW. This finding suggests that for the investigation of the effect of 
salinity, the IER pre-treatment could only be applicable to high-strength wastewater, 
as the IER was also able to remove the organic pollutants and affect the wastewater 
characteristics. 
  
 79 | P a g e  
 














0 25.91 23.68 16,835 9330 1508 
40 21.83 23.12 16,246 8964 1463 
80 18.20 18.36 15,573 8441 1423 
120 14.56 15.68 14,721 8005 1366 
160 11.85 11.52 14,072 7532 1309 
200 7.72 7.72 13,437 7097 1274 
240 4.68 4.24 12,794 6717 1233 
*TDS: remaining TDS concentration after IER treatment 
Figure 5.5 shows the effect of salinity on the anaerobic process for five phases, 
where 80, 60, 40, 20, and 0% of TDS was removed by IER from phase I to V, 
respectively. It was found that an 80% reduction of TDS in phase I resulted in an 
improvement in COD removal efficiency (61.5%), which was higher than the 
optimum COD removal (41.3%) as discussed in Section 5.3.1.2. As the TDS removal 
rate was reduced to 60% in phase II, the COD removal was not significantly affected. 
However, with further increases of TDS concentration in phases III, IV and V (14.92-
24.90 g/L), the UASB encountered a significant decline in COD removal, and 
achieved a relatively stable COD removal efficiency of about 41.5-44.6%. Meanwhile, 
a similar trend of CH4 yield was also monitored, which could verify the finding that 
the performance of anaerobic process for treatment of pharmaceutical wastewater was 
adversely affected by TDS concentration above 14.92 g/L. The above observations 
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are supported by the work done by Lefebvre and Moletta (2006), who found that the 
adverse effect of a hypersaline environment with chloride concentration above 5-8 
g/L could increase the soluble COD concentration, due to the release of cellular 
material by the increase in osmotic pressure. 
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I II III IV V
 
Phase I II III IV V 
TDS (g/L) 4.96±0.57 9.96±1.33 14.92±1.28 19.83±2.14 24.90±2.01 
TDS reduction (%) 80 60 40 20 0 
CODinf (mg/L) 13,108±1,106 13,671±1,523 14,088±1,441 15,833±2,005 16,672±1,924 
CODeff (mg/L) 5,046±794 5,427±488 7,804±971 9,008±1,316 9,753±1,243 
COD removal (%) 61.5 60.3 44.6 43.1 41.5 
 
Figure 5.5. Effect of salinity on the UASB performance. 
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5.3.3 Aerobic post-treatment by MBR/SBR 
To further enhance COD removal from the pharmaceutical wastewater, an MBR 
and a SBR, as aerobic post-treatments, were operated and compared in parallel for the 
treatment of the UASB effluent (without IER pre-treatment) for 120 d. As shown in 
Figure 5.6(a), stable performances were achieved for both the MBR and SBR from 
days 29 and 43, respectively, with further COD removal efficiencies of 90.9±3.7 and 
86.0±5.4%, respectively; the MBR showed better organic removal and produced an 
effluent with less fluctuation in the water quality. It was observed that foaming had 
occurred in both the MBR and SBR, and it was due to (1) the strong aeration applied 
to maintain the dissolved oxygen level (3 mg/L), and (2) the excess growth of 
filamentous bacteria in the reactors (Tchobanoglous et al., 2004). However, the 
foaming in the reactors was not severe, and no losses of biomass and system 
instability were observed for both the MBR and SBR. 
   As illustrated in Table 3.1, triethylamine (TEA) is the major COD contributor 
in the pharmaceutical wastewater, which is well known as a solvent or a raw material 
in organic synthesis. In view of its specific molecular structure, ammonia could be 
released during hydrolysis of TEA under anaerobic condition, according to Eq. (1): 
 
N(CH2CH3)3 + 3 H2O → NH3 + 3 CH2CH3OH     (1) 
 
According to several studies, excess ammonia in the wastewater could 
significantly inhibit microbial activity and slow down the system during the anaerobic 
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processes, and also could cause water resource pollution and eutrophication (Nam et 
al., 2010; Niu et al., 2013; Rajagopal et al., 2013; Yenigun and Demirel, 2013). Figure 
5.6(b) presents the reduction of ammonia nitrogen through the aerobic nitrification 
process by monitoring of its concentration in the influent (the effluent from the UASB) 
and effluents of the MBR and SBR. Although a fluctuation of ammonia nitrogen in 
the UASB effluent was observed (831-1,263 mg/L), relatively stable and successful 
ammonia nitrogen removal rates of 94.2 and 87.6% were achieved for the MBR and 
SBR from days 29 and 38, respectively.   
  







































Ninf  (UASBef f ) 
MBRef f  
SBRef f  
  
 
Figure 5.6. Performance of the SBR and MBR in treating the UASB effluent. 
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5.3.4 Overall performance and effluent water quality 
The steady-state performances of all the bioreactors and the effluent water 
quality are summarized in Table 5.3. For the anaerobic process, the UASB was 
capable to eliminate 41.3% of the COD content from the wastewater, which could 
effectively reduce the organic loading for the aerobic post-treatment. Nevertheless, 
more than half of the organic matters still could not be removed, which might be 
explained by the refractory compounds in the pharmaceutical wastewater, where 
biodegradation of these organics were not thermodynamically favorable under 
anaerobic condition, and could also be attributed to the adverse effect of the high-
saline environment that limits microbial activity. With the help of the anaerobic 
treatment, both the MBR and SBR achieved excellent organic removal and 
nitrification in treating the UASB effluent. Consequently, excellent overall organic 
removal efficiencies (94.7 and 91.8%, respectively) were achieved by both the 
UASB+MBR and the UASB+SBR systems; the UASB+MBR system showed slightly 
better performance in COD reduction, and produced a solid-free effluent. Remarkably, 
the sequential anaerobic-aerobic processes investigated in the present study showed 
higher treatment efficiencies (overall COD removal efficiency > 90%) in treating 
high-strength pharmaceutical wastewater when compared with the conventional 
anaerobic applications with COD percent removal ranging from 45-75% (Chelliapan 
et al., 2011; Rao et al., 2005; Sreekanth et al., 2009). The satisfactory treatment 
performance suggests that sequential anaerobic-aerobic processes are promising for 
high-strength saline wastewater treatment. 
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Table 5.3. Effluent water quality through biological processes at steady-state 
conditions. 
Parameter 
Anaerobic With aerobic post-treatment 
UASB UASB+SBR UASB+MBR  
COD (mg/L) 9,713±798 1,357±382 877±109 
TOC (mg/L) 4,122±341 763±53 446±68 
BOD5 (mg/L) 5,023±1,031 528±121 216±134 
TAN (mg/L) 1077±227 133±75 63±41 
TDS (mg/L) 23,837±3,123 24,589±4,760 24,889±3776 
TSS (mg/L) 428±132 722±266 N.D. 
pH 7.26±0.26 8.51±0.08 8.28±0.14 
Overall COD removal (%) 41.3 91.8 94.7 
N.D. = Not Detected 
 
5.3.5 Summary 
Sequential anaerobic-aerobic processes were investigated for the treatment of 
pharmaceutical wastewater. A stable COD removal efficiency of 41.3% was achieved 
by the UASB, with an optimized OLR of 8.11±0.31 kg COD/m3.d at a HRT of 48 h. 
Salinity effect on the UASB was assessed by pretreating the wastewater with an IER 
for salt removal. TDS concentration above 14.92 g/L significantly reduced the COD 
removal and CH4 yield by the UASB. With aerobic post-treatment, both UASB+MBR 
and UASB+SBR achieved excellent COD removal efficiency of 94.7 and 91.8%, 
respectively. The UASB+MBR system showed slightly better organic removal and 
nitrification. 
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CHAPTER 6  
INVESTIGATION OF INTERTIAL WETLAND SEDIMENT 
(IWS) AS A NOVEL INOCULCATION SOURCE FOR 




Huge amounts of salt (NaCl) are consumed by industries, mainly for the purpose 
of chemical synthesis, food processing, tanning, and refining processes, generating 
enormous quantities of saline wastewaters that are rich in both salt and organic matter 
(Olivier et al., 2006). With ever-tightening regulations for wastewater discharge, 
interest in saline wastewater treatment processes has rapidly increased over the past 
two decades. Nowadays, biological means have been intensively applied to both 
municipal and industrial wastewater treatments, while saline effluents are still 
primarily treated by physico-chemical approaches, because the microbial activity was 
found to be strongly inhibited by salinity (Khannous et al., 1966). However, due to the 
high energy consumption and operational cost of physico-chemical technologies, 
alternative solutions such as biological-based processes are still being attempted, with 
most of the focus on the adaptation of conventional microorganisms to a high salinity 
environment (Gebauer et al., 2004; Gharsallah et al., 2002; Lefebvre et al., 2005). 
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The salinity inhibition of microbial activity is mainly given by osmotic pressure, 
which could result in water loss from cell membranes and reduce enzyme activities, 
leading to plasmolysis or even cell death. Unlike freshwater microbial species, halo-
philic/tolerant microorganisms have their own strategies to survive in saline 
environments, including: 1) A specific enzyme structure allowing them to remain 
active and stable under high saline conditions (Piepper et al., 1998); 2) the ability to 
actively extrude Na+ out of their cells through Na+/H+ antiporters to maintain the 
internal ion concentration (Ventosa et al., 1998); and 3) the ability (possessed by most 
halo-philic/tolerant species) to synthesize and accumulate compatible solutes such as 
sugars, amino acids, glycine betaine, trehalose, and ectoine (Truper et al., 1990), to 
maintain an osmotic balance by increasing internal osmotic pressure. Owing to their 
dual characteristics of being halo-resistant and degrading organic pollutants, these 
microbial populations possess a huge application potential in saline wastewater 
treatment (Zhuang et al., 2010). However, to date only a few studies have reported 
applying halophilic biomasses for the treatment of industrial saline effluents, and most 
of them used halophilic strains (pure culture) isolated from marine environments 
(Zhang et al., 2014; Haddadi et al., 2013). Nevertheless, compared with those widely 
applied mixed-culture treatment processes, the pure-culture systems were very 
vulnerable to environmental variation and foreign species contamination, and thus 
may not be practical for any full-scale applications.   
Intertidal wetlands, in particular temperate-zone salt marshes, tropical mangroves, 
and mudflats, are environments with primary productivity that provide many essential 
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ecosystem services (McGenity, 2014). Given its high salinity nature, it is believed that 
intertidal wetland sediment (IWS) contains considerable amounts of halo-
philic/tolerant microorganisms, which could be used as an inoculation source for a 
biological process to treat saline wastewater. However, current studies of IWS merely 
cover its ecological and microbiological roles, and there has been no application of 
IWS in the saline wastewater treatment field. Therefore, the objective of this work 
was to investigate the potential of IWS as a novel inoculation source for an anaerobic 
treatment of saline wastewater. Several treatment parameters, including organic 
removal efficiency, biomass settling property, and microbial community composition 
were assessed and compared with those of a conventional anaerobic sludge system, to 
offer a comprehensive understanding of this novel and promising alternative for the 
biological treatment of saline wastewater. 
 
6.2 Materials and Methods 
6.2.1 Wastewater characteristics 
The description and physicochemical characteristics of the pharmaceutical 
wastewater was discussed in Section 3.2.1 and Table 3.1. 
 
6.2.2 Inoculants preparation 
Two types of biomass inocula, anaerobic digested sludge (ADS) and intertidal 
wetland sediment (IWS) were prepared for investigation and comparison of their 
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organic degradation efficiencies in the saline environment. The ADS was obtained 
from an anaerobic digester of a wastewater reclamation plant in Singapore, with an 
initial mixed liquor suspended solids (MLSS) of 5,142±337 mg/L and pH of 7.4; the 
IWS (subsurface sediment, 5–20 cm in depth) was collected from an intertidal zone at 
Lim Chu Kang, Singapore (Figure 6.1). The IWS was uniformly dark gray in color 
(the surface sediment was a light brown color), reflecting an anoxic condition, and 
contained mainly inorganic fine particles, with a low VSS/TSS ratio of 0.19±0.01. 
The TDS and pH for in situ seawater were 2,713±188 mg/L and 6.8, respectively. 
Prior to the experiment, the IWS was sieved through a 0.2 mm screen, and the initial 
MLSS was diluted to ~10,000 mg/L by addition of the seawater. 
 




Figure 6.1. Pictures showing the location, surrounding and condition for 
intertidal wetland sediment 
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6.2.3 System Set-up and Continuous Operation 
In this study, the experiment consists of two phases. In phase I, two AnSBR 
systems were first operated to explore the differences in the treatment efficiencies and 
microbial populations between two inoculants during wastewater treatment operation. 
In phase II, higher organic loading were applied in two AnMBR systems to improve 
the organic removal capacity of the anaerobic process. Under steady-state conditions, 
the effluent water qualities, biogas recovery rates, and membrane fouling behavior 
were investigated and compared. 
6.2.3.1 System design and operating parameters in phase I 
Two anaerobic sequencing batch reactors (AnSBRs) with effective volumes of 5 
L (Figure 6.2) were set up in parallel for the pharmaceutical wastewater treatment. 
The reactors were operated at ambient temperature (27±1 oC) with a mixing ratio of 
150 rpm. The anaerobic condition was provided by an initial N2 purging of the 
reactors. The AnSBRs were operated with 12-h cycles throughout the experiment, and 
the details of each cycle were as follows: 15-min feeding; 11-h reaction; 30-min 
settling, and 15-min decanting.  
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Figure 6.2. Schematic diagram of AnSBR configuration 
 
Initially, the two reactors (denoted as Ra and Ri) were seeded with concentrated 
ADS (Ra) and diluted IWS (Ri) respectively (with an initial MLSS of ~10,000 mg/L 
for both reactors), and the wastewater was gradually fed into the systems during 
continuous operation. The volumetric exchange rate for each batch cycle was fixed at 
20%, resulting in a hydraulic retention time (HRT) of 60 h and an organic loading rate 
(OLR) of 7.3± 1.1 kg COD/m3.d. Meanwhile, the sludge retention time (SRT) of 80 d 
was applied. The biogas production, influent and effluent characteristics, and biomass 
concentrations in the reactors were monitored and measured regularly in order to 
analyze the treatment performances of the two systems. 
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6.2.3.2 System design and operating parameters in phase II 
In this phase, two anaerobic MBR systems (denoted as AnMBRa and 
AnMBRi) were investigated for organic removal for the treatment of pharmaceutical 
wastewater, with an effective working volume of 10 L each, and a polyvinylidene 
fluoride (PDVF) hollow fiber UF (LS-1) membrane module supplied by GE with a 
molecular weight cut off (MWCO) of 0.04 µm was immersed into each anaerobic 
MBRs. The effective membrane area of each module was 0.047 m2 and the membrane 
specifications are summarized in Table 4.2. The schematic diagrams of the two 
AnMBR systems were illustrated in Figure 4.1. The anaerobic biomass for the 
AnMBRa and IWS after filtration for the AnMBRi were prepared as described in 
phase I. Initially the two AnMBRs were operated in fed-batch mode with 10% of the 
pharmaceutical wastewater for the inoculum process. The inoculation process took 
about 1 month for microbial acclimatization in the anaerobic reactor, during which the 
TCOD and biogas production were recorded until a steady-state condition was 
reached and connected subsequently to the membrane tank for start-up. The operating 
parameters during continuous operation are provided in Table 6.1. 
 
Table 6.1. Operation parameters of the lab-scale AnMBRa and AnMBRi. 
Parameter AnMBRa AnMBRi 
Effective Reactor Volume (L) 10 10 
SRT (d) 100 100 
MLSS (mg/L) 9500-10,200 ~10,000 
Temperature (°C) 27+1.0 27+1.0 
pH ~7.02 ~7.02 
Permeate Flux (L/m2 h) 6 6 
HRT (h) 30.6 30.6 
OLR (kgCOD/m3.d) 13.0±0.6 13.0±0.6 
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6.2.4 Microbial Community Diversity Analyses by Pyrosequencing 
Four sets of biomass samples were collected from Ra and Ri at the initial phase 
(day 1) and steady-state condition (day 162) with triplicates. The DNA was extracted 
with an UltraClean DNA extraction kit (Mobio Laboratories, USA) according to the 
manufacturer’s instructions. 16S rRNA gene fragments from the total DNA of each 
sample set were amplified using DreamTaq Green PCR Master Mix (Thermo 
Scientific, USA), with two primer sets: 343F (5′-TACGGRAGGCAGCAG-3′) / 926R 
(5′-CCGTCAATTYYTTTRAGTTT-3′) for bacterial populations and 341F (5′-CCT 
ACG GGR SGC AGC AG-3′) / 958R (5′-YCC GGC GTT GAM TCC AAT T-3′) for 
archaeal populations. To conduct pyrosequencing, barcodes were incorporated 
between the 454 adaptor and forward primers. The PCR amplification program 
consisted of an initial denaturing at 95°C for 5 min, followed by 35 cycles of 
denaturing at 95°C for 30 s, annealing at 55°C for 1 min, and extension at 72°C for 45 
s, and, finally, an extension at 72 °C for 10 min. The amplicons with different 
barcodes were then mixed in equal concentration and sequenced by a Roche 454 GS-
FLX Titanium sequencer (Roche, Nutley, NJ, USA). Raw sequences from 
pyrosequencing were screened, the adaptors, barcodes and primers were trimmed, and 
those sequences less than 200 bp or containing ambiguous bases were excluded. The 
taxonomic identities of the sequences were then assigned using the Classifier program 
of the RDP-II, with a minimum confidence level of 80%.   
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6.2.5 Analytical Methods 
The biogas composition (i.e. N2, CH4, and CO2) was measured using a gas 
chromatograph (GC17A, Shimadzu, Japan). The Standard Methods (APHA, 2005) 
were used for the measurement of the COD, TDS, TSS and VSS. The TOC and TN 
were analyzed with a TOC/TN analyzer (TOC-VCSH, Shimadzu, Japan), and the 
TAN was determined according to the Salicylate method (Nitrogen, Ammonia, High 
Range, Test ‘N tube) with a detection range of 0–50 mg/L measured at 425 nm 
wavelength. Particle size distribution (PSD) of biomass suspensions were analysed by 
a laser diffraction particle analyser (LS230 Coulter; Backman, Germany). The 
Fluorescence-In-Situ- Hybridization (FISH) analysis was conducted for the detection 
of methanogenic populations in the bioreactors (on day 162) using a FITC-labeled 
oligonucleotide probe arc915 (5’-FITC- GTG CTC CCC CGC CAA TTC CT-3’). The 
methodology was adopted from Tan et al. (2008). Hybridization was conducted in a 
humidified chamber at 46oC for 3.5 h, and subsequently subjected to DAPI counter-
staining to visualize all microorganisms. Quantification of the FISH result was 
accomplished with a computer program, COMSTAT (Heydorn et al., 2000). 
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6.3 Results and Discussion (Phase I) 
6.3.1 Biomass adaptation during system start-up and treatment 
efficiencies at steady-state Condition 
Microbial responses to chemical stress are important for engineered systems, 
especially during the start-up period. Biomass concentrations were monitored as 
mixed liquor volatile suspended solids (MLVSS) for both reactors, to enable an 
understanding of the microbial growth and adaptation ability of different inocula 
during the initial 65 d. As shown in Figure 6.3, because of the high inorganic content 
of the IWS, a significant lower initial MLVSS concentration was observed in Ri when 
compared with Ra. During system operation, a gradual increase of biomass 
concentration in Ri was recorded (from 1965 mg/L to 3486 mg/L), while that of Ra 
was dramatically decreased (from 7755 mg/L to 3024 mg/L) in the initial few days 
(from day 1 to 21). These changes in MLVSS could be attributed to faster microbial 
growth and adaptation to the saline wastewater environment of IWS than ADS. On 
the other hand, the VSS/TSS ratio in Ri was considerably increased to 0.73 by day 56,  
similar to that of conventional sludge (between 0.6 and 0.8), which suggests a rapid 
establishment of functional microbial populations during this novel application of 
IWS as an inoculation source for saline wastewater treatment.  
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Figure 6.3. Biomass growth during system start-up 
 
Subsequently, the two reactors were operated for another 120 d to achieve a 
steady-state condition, and the stable treatment efficiencies and effluent qualities were 
illustrated in Table 6.2. With regard to the reduction of organic pollutants, a 
considerably higher COD percent removal of 71.4±3.7% was achieved by Ri, 
compared with 32.3±6.1% by Ra. In addition, a stable CH4 yield of 241±53 mL CH4/g 
CODconsumed was observed for Ri, which was approximately two times higher than that 
of Ra (122±75 mL CH4/g CODconsumed),  reflecting the excellent functioning of the 
methanogenic populations in the saline environment in the IWS than ADS under the 
saline environment. The satisfactory organic removal potential of IWS for the saline 
wastewater treatment was also validated by the results obtained by Shi et al. (2013), 
for which a COD removal efficiency of 41.3±2.2% was achieved when an upflow 
anaerobic sludge blanket with anaerobic granular sludge was applied for treatment of 
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the same pharmaceutical wastewater. Moreover, solid content is another important 
parameter of effluent qualities. The TSS concentration in the effluent of Ri (166±103 
mg/L) was found to be significantly lower than in that of Ra (574±74 mg/L). This 
finding could be attributed to the superior sludge-settling properties of the IWS, 
compared with those of the ADS (Figure 6.4). The better settling of IWS should also 
facilitate higher biomass retention in Ri, as shown in Figure 6.4, which could further 
explain the higher organic treatment capacity of the system. It has been reported that 
decantation problems have occurred in biological plants when saline wastewater is 
treated, as cell plasmolysis caused by high osmotic pressure could result in a 
reduction of particle size and density (Kargi et al., 1997). Therefore, the presence of 
halo-tolerant/philic microorganisms in the IWS can maintain floc structure in a saline 
environment, which could be attributed to enhanced sludge settling in Ri. 
Nevertheless, considering the incomplete oxidation as one main drawback of 
anaerobic processes, a subsequent aerobic post-treatment would be recommended for 
further removal of residual COD and TAN from the anaerobic effluent. 
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Table 6.2. Process efficiencies and effluent qualities at steady-state condition 
Parameters Effluent (Ri) Effluent (Ra) 
COD reduction (%) 71.4±3.7 32.3±6.1 
TOC reduction (%) 74.6±5.4 36.9±8.1 
TN reduction (%) 16.1±2.2 17.7±3.5 
Methane yielda 241±53 122±75 
COD (mg/L) 5,240±678 12,403±1,118 
TOC (mg/L) 2,283±485 5,672±810 
TN (mg/L) 1,017±27 1,006±43 
TAN (mg/L) 661±44 729±26 
TDS (mg/L) 28,312±3,422 27,988±3,117 
TSS (mg/L) 166±103 537±74 
pH 7.4±0.1 7.2±0.1 
amL CH4/g CODconsumed 
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Figure 6.4. Sludge settling curves of adapted biomass samples from the two 
AnSBRs 
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6.3.2 Relative abundance of methanogenic populations revealed by 
FISH 
Methanogenic populations play crucial roles in the mineralization of organic 
carbon. Therefore, to understand the different treatment efficiencies of the two 
reactors, the relative abundance of methanogens in the biomasses was quantified from 
FISH images as the proportion of the fluorescent area of a methanogen-specific probe 
versus the area of all microorganisms (Figure 6.5). As a result, a significantly greater 
abundance of methanogenic populations was observed in Ri (32%) than Ra (5%), 
which was in accordance with its preferred treatment efficiency, indicating that the 
higher quantity of adapted methanogens in Ri could be one main reason for the 
satisfactory organic reduction. On the other hand, aggregation of cells was noted in 
both samples (especially that from Ri), suggesting the growth strategy of methanogens 
could resist the saline and probably toxic environmental conditions. In addition, 
filamentous populations were not observed in both reactors; this observation is 
supported by existing literature which reported that a high salinity environment could 
inhibit the growth of filamentous bacteria (Olivier and Molletta, 2006).  
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Figure 6.5. FISH images of adapted biomass samples in the AnSBRs collected 
under steady-state condition: (a), Ri (DAPI staining for all microorganisms, blue). 
(b), Ri (FITC-labeled probe detecting methanogenic populations, green). (c), Ra 
(DAPI staining for all microorganisms, blue). (d), Ra (FITC-labeled probe 
detecting methanogenic populations, green). Bar, 10 µm. 
 
6.3.3 Overall analysis of pyrosequencing result 
To study the underlying mechanism of organic degradation, the bacterial and 
archaeal communities from the inocula and adapted biomasses of both reactors were 
investigated and compared using 454-pyrosequencing technology. As demonstrated in 
Table 6.3, a total of 4641 and 8532 effective sequences were obtained after filtering 
from 6004 and 10,692 raw sequences for bacterial and archaeal communities, with 
average sequence lengths of 544 and 394 bp respectively. With regard to the inocula 
samples (for both bacteria and archaea), higher operational taxonomic units (OTUs) 
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and community richness estimator values (Ace and Chao 1) were observed for the 
IWS than for the ADS, indicating a more diverse microbial community in the IWS; 
the high diversity could enable the community to function as a promising alternative 
inoculum for treatment of various types of wastewaters. However, for the adapted 
biomass samples collected at the steady-state condition, the microbial community 
diversity was remarkably decreased compared with the inocula samples, which could 
be the result of the re-establishment of dominant microbial groups under specific 
environmental stress (Shi et al., 2013). Moreover, as illustrated by the rarefraction 
curves of each sample (Figure 6.6), the IWS inoculum for both the bacterial and 
archaeal communities had the greatest steepness, suggesting that it had the highest 
evenness of community composition among different samples (Schnetzer et al., 2011). 
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Table 6.3. Summary of pyrosequencing data for the two inocula and adapted biomass samples 
 Bacterial community  Archaeal community 
















Sequences 1510 998 1305 828  2650 1678 2339 1865 
OTUsa 1032 522 481 97  1253 274 125 234 
ACEa 5469 3307 3132 312  12,462 1900 481 877 
Chao1a 3263 1571 1478 203  5202 1024 269 550 
aGenerated at 97% similarity threshold 
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Figure 6.6. Rarefraction curves of OTUs clustered at 97% sequence identity 
across different biomass samples. (A), bacterial sequences. (B), archaeal 
sequences. 
 
6.3.4 The bacterial community composition 
Various groups of bacteria are involved in substrate hydrolysis and acidification 
during the anaerobic digestion processes. Figure 6.7 (A) demonstrates the phylum 
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level distributions of bacterial populations among different biomass samples. It can be 
observed that for all the samples, Bacteroidetes, Firmicutes, and Proteobacteria were 
the dominant phyla, comprising between 70.0 and 90.2% of total bacterial sequences. 
On the other hand, another popular phylum present in conventional anaerobic 
digestors, Actinobacteria (Nelson et al., 2011; Zheng et al., 2013), was found in very 
low abundance, accounting for only 0.1–2.7% of total bacterial sequences. Of the 
three dominant taxa, Bacteroidetes showed the highest average abundance (41.9%) in 
both the inocula and adapted biomasses, indicating its strong adaptation ability and 
wide distribution in natural environments and engineered systems. In addition, it has 
been reported that members of Bacteroidetes are important heterotrophs involved in 
cycling organic carbon and proteinaceous substances (Stevens et al., 2005; Regueiro 
et al., 2012), and hence Bacteroidetes may play a vital role in the anaerobic 
degradation. Proteobacteria is another key bacterial group in biological wastewater 
treatment processes. However, its abundance decreased remarkably in both reactors 
after they were fed with pharmaceutical wastewater for 185 days, which suggested 
that this specific wastewater environment was not favorable for the growth of 
Proteobacteria populations. To enable investigation of more specific taxa with this 
phylum, the class-level distribution within Proteobacteria is illustrated in Figure 6.7 
(B). It can be observed that in the IWS inoculum, as in other sediment samples, γ-
proteobacteria (16.4%) and δ-proteobacteria (24.2%) were the dominant classes 
(Feng et al., 2009), while for conventional anaerobic sludge (ADS inoculum), α-
proteobacteria, β-proteobacteria, γ-proteobacteria, and δ-proteobacteria were 
prevalent (Hu et al., 2012), accounting for, respectively, 3.2, 21.4, 3.2, and 9.9% of 
the whole bacteria populations. Notably, in the adapted biomasses from the two 
AnSBRs, only γ-proteobacteria and δ-proteobacteria were detected, which indicates 
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that within this bacterial phylum, these two classes could have relatively higher 
resistance to the unfavorable saline environment. On the other hand, the quantity of 
the phylum Firmicutes, members of which have been reported to withstand harsh 
environmental conditions because of their spore-forming capability (Xie et al., 2014), 
was found to have significantly increased during system operation. Moreover, as 
illustrated in Figure 6.7 (C), the increasing abundance of Firmicutes was mostly the 
result of the thriving of class Clostridia, whose quantity in Ri and Ra rose sharply 
during the operation, from 3.8 to 45.7% and from 3.1 to 18.1%, respectively. 
Clostridia is a very important bacterial taxa in anaerobic fermentation, given its 
versatile metabolism for organic substrate hydrolysis and acidification, and spore-
forming ability to survive under unfavorable environments (Li et al., 2014). Hence the 
higher abundance of Clostridia in Ri than in Rs under the steady-state condition could 
have markedly contributed to the superior COD reduction efficiency of Ri. The above 
findings for the bacterial population distributions are supported by a previous study 
(Li et al., 2011), in which δ-proteobacteria, ε-proteobacteria, Clostridia, and Bacilli 
were found to be associated with antibiotic-containing environments, and shared 
similar characteristics with the pharmaceutical wastewater used in this study. 
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Figure 6.7. Bacterial community composition between inocula and adapted 
biomasses. (A), phylum-level distributions. Some phyla were assigned to “other” 
if detected in fewer than 2% in abundance. (B), class-level distributions within 
phylum Proteobacteria. (C), class-level distributions within phylum Firmicutes. 
 
Considering its great potential for the anaerobic treatment of saline wastewater, 
the bacterial genus level distribution in IWS (inoculum) was further assessed, and the 
populations related to wastewater decontamination are listed in Table 6.4. It was 
noted that a large number of sulfate-reducing bacteria (SRB) populations (genera 
Desulfatiferula, Desulfobacterium, Desulfobulbus, Desulfococcus, Desulfonema, and 
Desulfosarcina) were detected, which were capable of breaking down several groups 
of hardly biodegradable organics, such as polycyclic aromatic hydrocarbons (PAHs), 
n-alkenes, aliphatic hydrocarbons and alkanes etc. (Abed et al., 2011; Sherry et al., 
2013; Grossi et al., 2011; Miralles et al., 2007). In addition, the contribution of genus 
Acidithiobacillus to precious metal extraction during the bioleaching process has been 
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reported (Ijadi Bajestani et al., 2014), and genus Novosphingobium has been found to 
have the ability to reduce pharmaceutical and personal care products (PPCPs) (Zhou 
et al., 2013). The presence of these valuable bacterial groups suggests that IWS could 
be an ideal inoculation source for saline wastewater treatment plants, and could also 
be applied as a bio-augmentation source to improve treatment efficiencies for in-
operation anaerobic processes. 
 
Table 6.4. Summary of wastewater decontamination-related genera detected in 
the IWS inoculum 
Genus name Relative abundance (%) Contaminant Reference 
Desulfococcus 1.9 PAHs Abed et al., 2012 
Desulfosarcina 1.4 PAHs Abed et al., 2012 
Desulfobulbus 1.0 PAHs Sherry et al., 2013 
Desulfatiferula 0.7 n-alkenes Grossi et al., 2011 
Acidithiobacillus 0.7 heavy metals Ijadi et al., 2014 
Desulfobacterium 0.5 aliphatic hydrocarbons Egli et al., 1987 
Desulfonema 0.2 alkanes Miralles et al., 2007 
Novosphingobium 0.1 PPCPs (triclosan) Zhou et al., 2013 
 
6.3.5 The archaeal community composition 
Methanogenic archaea plays an indispensable role in anaerobic processes, 
removing excess hydrogen and fermentation metabolites generated during 
acidogenisis, and hence ensuring that the organic pollutants are finally degraded and 
removed in the form of methane and carbon dioxide. Figure 6.8 (A) illustrates the 
class-level distributions of archaeal populations among the four biomass samples. 
Based on classification, there are three methanogenic classes in total (Demirel et al., 
2008), two of which (Methanobacteria and Methanomicrobia) were detected in all the 
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samples. For the IWS inoculum, a mostly even distribution was observed, consistent 
with its highest diversity degree as discussed in the pyrosequencing results section. 
However, the methanogenic population was found to be the only predominant group 
in the ADS inoculum, indicating its active condition for anaerobic degradation 
purposes. The above difference in archaeal community distributions between the IWS 
and ADS can ideally reflect the difference between natural and engineered 
environments. In addition, the relative abundance of methanogenic populations was 
increased in Ri (from 18.6 to 70.0%) but decreased in Ra (from 79.8 to 37.2%), which 
suggested that, compared with methanogens from the ADS, the methanogens from the 
IWS could possess a greater ability to adapt to the saline, and possibly also to the 
toxic wastewater environment. Moreover, it was noted that from all the biomass 
samples, class Thermoplasmata was the sub-dominant group, which constantly 
accounted for 7.7 to 29.7% of the total archaeal sequences. This observation 
illustrates the wide distribution and strong adaptation capability of this archaeal class, 
as well as its potential role in the anaerobic wastewater treatment processes.  
An investigation of more specific taxa could offer a deeper understanding of 
microbial community functions. Genus-level distributions among methanogenic 
populations are further illustrated in Fig 6.8 (B). In the IWS inoculum, a highly 
diverse distribution was observed, with seven major methanogenic genera detected: 
Methanococcoides (4.4%), Methanogenium (10.8%), Methanohalophilus (0.8%), 
Methanoplanus (7.8%), Methanosaeta (29.5%), Methanosalsum (7.6%), and 
Methanosarcina (3.6%); while in the ADS inoculum, Methanosaeta (79.6%) was 
found to be the only abundant genus. In addition, the archaeal community 
composition was shifted significantly from the adapted biomasses. The abundance of 
Methanosaeta was reduced drastically in both AnSBRs during operation: under 
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steady-state condition, in Ri, only 0.1% of the archaeal sequences were affiliated to 
Methanosaeta, as Methanosarcina and Methanohalophilus became the dominant 
groups, accounting for 33.7 and 58.6% respectively, while in Ra, the abundance of 
Methanosaeta dropped from 79.6 to 44.7%. According to previous literature, 
Methanosaeta and Methanosarcina are two abundant genera always reported from 
anaerobic treatment plants (Chen et al., 2014; Tabatabaei et al., 2010), where the 
Methanosaeta species are often observed to be the most predominant, especially in 
the seed sludge. However, it has been observed that Methanosarcina could 
outcompete Methanosaeta in high ammonia or acetate environments (Demirel et al., 
2008). To understand the decreased abundance of Methanosaeta, the acetate 
concentrations were measured in both systems during the steady-state condition, and 
it was found that the acetate levels in both reactors were within 130 mg/L, which was 
considered suitable for the growth of methanogens. Thus the high ammonia level (as 
demonstrated in Table 6.2) could be responsible for the inhibition of Methanosaeta 
species. 
The resilience of Methanosarcina and Methanohalophilus could be one 
important reason for the superior treatment efficiency of Ri. Several studies have 
reported the domination of Methanosarcina in unfavorable wastewater environments, 
owing to its metabolic versatility in substrate utilization and its relatively high toxicity 
resistance (Sun et al., 2012; Baserba et al., 2012). It has been documented that 
members of this genus can anaerobically degrade triethylamine (TEA) (Ma et al., 
2013), which is known as the major COD contributor in the pharmaceutical 
wastewater (Shi et al., 2014). In addition, S layer protein, which is responsible for 
enhanced chemical resistance, has been found in the cell wall of Methanosarcina 
other than Methanosaeta (Albers and Meyer, 2011). On the other hand, members of 
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Methanohalophilus have been found to be moderately halophilic, with optimum 
growth conditions being an NaCl solution with salinity of 0.5–2.5 M (Boone et al., 
1993), which is similar to the salinity level of the wastewater. In general, the valuable 
archaeal populations detected in this study can benefit IWS as an ideal inoculation 
































































































































































































Figure 6.8. Archaeal community composition between inocula and adapted 
biomasses. (A), class-level distributions. Some classes were assigned to “other” if 
detected abundance fewer than 2%. (B), genus-level distributions of 
methanogenic populations. Some genera were assigned to “other” if detected 
abundance fewer than 2%. 
 
6.4 Results and Discussion (Phase II) 
6.4.1 Treatment Performance 
During the start-up process, the proportion of the pharmaceutical wastewater 
(within the feed) was gradually increased as follows: 10, 20, 50, 70 and 100% of 
pharmaceutical wastewater, with the HRT maintained at 30.6 h. The results of the 
start-up of the bioreactors (AnMBRa and AnMBRi) are shown in Figure 6.9. Both the 
anaerobic MBRs were operated around 80 d to complete the start-up period, when the 
TCOD and biogas production remained rather constant.  
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As shown in Figures 6.9a and 6.9b, a stable TCOD removal efficiency of 
46.1±2.9%, and 60.3±2.8% was achieved by the AnMBRa and the AnMBRi, 
respectively. The average effluent TCOD concentration of the AnMBRa and the 
AnMBRi was 8,723±593 and 6,432±445 mg/L, respectively, when the influent TCOD 
concentration was 16,249±714 mg/L. The results show that the AnMBRi seeded with 
the IWS could achieve higher TCOD removal efficiency than that of the AnMBRa. 
This could be attributed to the fact that anaerobic microorganisms in the AnMBRi 
might have already adapted and strived in the high salinity environments that could 
offer better treatment performance, as the anaerobic microorganisms were retrieved 
from the coastal environment. In the contrast, conventional biomass from the 
domestic wastewater treatment plant could be easily disrupted of their metabolic 
function and biodegradation ability by the strong salinity mixture environment 
(Woolard and Irvine, 1994) and toxicity of the pharmaceutical wastewater (Shi et al., 
2014). Ludzack and Noran (1965) investigated the effects of salt concentrations up to 
20 g/L on the conventional biomass and high salt concentration resulted in low 
biological oxygen demand (BOD) removal, nitrification and sedimentation 
efficiencies. This statement was consistent with the results obtained by Dinger and 
Kargi (1999), who observed that the effluent COD removal efficiency fell from 85% 
to 59% when the salinity was increased from 0 to 5% (w/v).  
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Figure 6.9. System performance of the AnMBRa and AnMBRi during the 
experiment: (a) TCOD concentration, and (b) OLR and TCOD removal 
efficiency. 
 
OLR plays an important role on the biological treatment, as higher OLR could 
reduce the organic removal performance. During the start-up period, the OLRs were 
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increased gradually from 1.23 to 12.59 kg COD/m3.d) by increasing the proportion of 
pharmaceutical influent being introduced into the bioreactors. From 70 to 100% 
proportion of original wastewater (after 40 d), it was observed that the TCOD removal 
efficiency was not obviously affected (Figure 6.9b). However, the effluent TCOD 
concentration increased with the increase of the proportion of pharmaceutical 
wastewater in the influent (Figure 6.9a), indicating higher concentration of refractory 
and toxicity organics present in the pharmaceutical wastewater could possess adverse 
effect to the AnMBRs. In addition, lower HRT values correspond to higher OLRs. 
The calculated OLR in this study was 13.0±0.6 kg COD/m3.d, which was considered 
as a high OLR for the biological process and could possibly resulted in the biological 
system not able to utilize the nutrients and degraded the organics under the 
overloading conditions. Furthermore, the higher OLR could disturb microbial 
activities and reduce the strength of anaerobic granules to lose their structural 
integrity, resulting in disintegration of granules (Lefebrve and Molleta, 2006). The 
above findings are consistent with study performed by Nandy and Kaul (2001) who 
used a fixed film reactor to treat herbal-based pharmaceutical wastewater, and they 
found 76-98% of COD removal at an OLR of 10 kg COD/m3.d and the COD removal 
was reduced to about 50% when the OLR was increased to 48 kg COD/m3.d. Shi et al. 
(2014) reported that the UASB could achieve 41.1-45.5% of COD removal at a HRT 
of 96 h for the treatment of pharmaceutical wastewater, and that the efficiency was 
dropped remarkably to 26.2-34.1% when the HRT was 36 h.  
 
6.4.2 Biogas Production 
One major factor that makes anaerobic treatment preferable to aerobic treatment 
is methane gas production. During the experimental period, the biogas and methane 
 117 | P a g e  
 
production were increased when the proportion of pharmaceutical wastewater was 
increased in the influent (Figure 6.10). This may be attributed to the more available 
organic matters to the relevant microorganisms for gas conversion. The results (Figure 
6.10a) show nearly 60-70% of methane was detected in the biogas produced during 
the steady-state condition in both the bioreactors, which is in good agreement with Shi 
et al. (2014), who reported that the methane content in biogas was 65-73% in an 
UASB reactor for the pharmaceutical wastewater treatment. The average OLR in this 
study was 13.0±0.6 kg COD/m3.d when the raw pharmaceutical wastewater was 
completely introduced. The AnMBRi had higher biogas production than the 
AnMBRa, with the AnMBRi achieving 24.5±2.1 L/d, while the AnMBRa had 
17.6±1.5 L/d. The average methane yield of the AnMBRi during the steady state 
period was 0.21 L/gremoved TCOD, which was higher than that of the AnMBRa (Fig. 
6.10b). The methane yield of the AnMBRi is consistent with the study reported by 
Ince et al. (2002), who applied the up-flow anaerobic filter (UAF) for the treatment of 
chemical synthesis-based pharmaceutical wastewater, and showed that the methane 
yield was as low as 0.2 L/gremoved TCOD. However, the methane yield reported in this 
study was lower than those reported in the existing literatures (Zayen et al., 2010), 
which could be attributed to the hypersaline mixture environment conditions 
(Lefebrve and Molleta, 2006), total methane produced by the bioreactors dissolved in 
the mixed liquor (Smith et al., 2012), operating temperature (Bandara et al., 2011), 
high OLR level (Nandy and Kaul, 2001) and high ammonium concentration 
(Rajinikanth et al., 2013). 
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Figure 6.10. Biogas production of the AnMBRa and AnMBRi during the 
experiment (a) Biogas production, (b) Methane yield. 
 
6.4.3 Membrane Filtration Performance 
Both the AnMBRa and AnMBRi were operated with a membrane filtration mode 
of 4 min ON and 1 min OFF, and no backwash was provided; the development of 
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TMP as a function of operating time under different fluxes is illustrated in Figure 
6.11. As can be seen, an obvious two-stage TMP profile was observed, an initial slow 
TMP rise followed by a short-period rapid TMP increase. All the AnMBRs were 
operated under the flux of 6 L/m2.h, and when the TMP reached about 40 kPa, 
chemical cleaning by NaOCl was performed for 12 h in order to remove the foulants 
from the membrane surface. As the operation time increased, more colloids and 
extracellular polymeric substances/soluble microbial products (EPS/SMP) with 
different molecular weight particles accumulated on the membrane that make it 
increasingly difficult to remove by the air scouring (Ng et al., 2014). After the 
chemical cleaning, the TMP could be restored to the initial value of around 95-97%, 
which could indicate almost complete removal of foulants on the membrane surface 
and in the membrane pores. Jeison and van Lier (2007) studied an AnMBR over 200 d 
and found that external, physical cleaning was necessary because the consolidated 
cake could not be removed by backflush cycles and air scouring.  
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Figure 6.11. Development of TMP with operation time during the experiment.  
 
Comparing the membrane fouling between the AnMBRa and the AnMBRi 
(Figure 6.11), the AnMBRi took a slightly longer duration to reach the targeted TMP 
(40 kPa) and able to operate for 121 d with 5 cycles of chemical cleaning; while the 
AnMBRa took 112 d to complete. The TMP rate of the AnMBRa and the AnMBRi 
increased significantly initially and then gradually approached a steady state value. 
This result might be because the membrane was pre-compacted by the TMP, and the 
particles and EPS/SMP might deposit onto the membrane surface during the initial 
state of membrane filtration. The higher TMP value of steady-state in the AnMBRi 
could be explained by the particle size distribution profiles as the membrane fouling 
in MBR was directly determined by the biomass properties. The results showed 
differences in the PSD of flocs in the AnMBRa and the AnMBRi (Figure 6.12). The 
mean particle sizes measured in this study were lower than those reported in AnMBRa 
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treating low-strength wastewater (Huang et al., 2011), which could be due to the 
result of the additional shear rate created by the biomass recirculation and high 
scouring rate in the bioreactors. The AnMBRa had a slightly larger range of biomass 
particles, ranging from 1 to 180 µm with a median biomass particle size of 16.71 µm; 
while the AnMBRi had biomass particles ranging from 1 to 160 µm with a median 
biomass particle size of 9.98 µm. As reported by Meng et al. (2007), biomass particle 
size smaller than 50 µm could deposit on the membrane surface easily and smaller 
floc size could increase the membrane fouling significantly, which is contradictory to 
the findings of this study. However, Yang et al. (2009) reported that the larger floc 
size would cause the severity of membrane fouling and Hu et al. (2012) also reported 
that there is no significant correlation between PSD and membrane fouling. Cake 
layer could be formed on the membrane surface, however, Gao et al. (2011) 
investigated the PSD distribution of cake layer, and reported that cake layer was not 
spread uniformly in term of PSD and larger size of PSD was found in the bottom of 
cake layer by consolidation effect. However, it is still unclear about the role of PSD 
on the membrane fouling. 
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Statistical results of biomass particle size distribution in AnMBRa and AnMBRi 
 Particle size (µm) Particle size distributions (µm) 
Mean Medium % <10 % <25 % <50 % <75% % <90% 
AnMBRa 20.38 16.71 3.48 8.92 16.71 26.66 40.10 
AnMBRi 14.95 9.98 2.11 4.90 9.98 19.08 34.28 
 






In this study, intertidal wetland sediment (IWS) collected from high salinity 
environment was investigated as a novel inoculation source for anaerobic treatment of 
saline pharmaceutical wastewater. In phase I, two parallel lab-scale anaerobic 
sequencing batch reactors (AnSBR) were set-up, to compare the organic removal 
potential of IWS with conventional anaerobic digested sludge (ADS). Under steady-
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state condition, the IWS reactor (Ri) showed significantly superior organic reduction 
performance than that of the ADS reactor (Ra), with COD percent removal of 
71.4±3.7 and 32.3±6.1%, respectively. In addition, as revealed by the FISH), a higher 
relative abundance of methanogenic populations was detected in the Ri. A further 16S 
rRNA gene pyrosequencing test was conducted to understand the both bacterial and 
archaeal community populations in the two AnSBRs. As a result, the predominance of 
halo- philic/tolerant microganisms (class Clostridia of bacteria, genus 
Methanosarcina and Methanohalophilus of archaea) could be the main explanation of 
enhanced organic removal efficiency that observed in Ri. In phase II, based on the 
AnMBR performance at higher OLR, system seeded with the IWS also exhibited 
considerably higher organic removal efficiency than the AnMBR seeded with 
conventional sludge. Moreover, a longer membrane filtration duration was achieved 
in the AnMBRi than AnMBRa, which could be explained by the different biomass 
particle sizes in the systems. All these findings indicated that the IWS is a promising 
inoculation source for anaerobic treatment of saline wastewaters. 
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CHAPTER 7  
CONCLUSIONS AND FUTURE STUDIES 
 
7.1 Conclusions 
The overall goal of this work was to establish an effective anaerobic process for 
the treatment of high-saline pharmaceutical wastewater. To achieve this goal, 
different process configurations and biomass inoculants were investigated and 
compared. 
The anaerobic biodegradability of the high-saline pharmaceutical wastewater 
was firstly investigated using lab-scale batch reactors and anaerobic sequencing batch 
reactor (AnSBR) systems. Under batch test, it was found that the pharmaceutical 
wastewater was hardly biodegradable under anaerobic condition, when using non-
adapted biomass as inoculum. Nevertheless, with help of microbial acclimation 
process, the biomass was able to gradually adapt to the wastewater environment, and 
successful COD removal efficiencies of 73 and 65% were achieved, when the AnSBR 
was operated with 10-time and 5-time diluted wastewater, respectively. However, 
further increase of feedstock concentrations led to significant decrease of system 
performance, which could be resulted by the higher salinity inhibition and toxicity of 
the wastewater. In order to further enhance the anaerobic organic removal 
performance, the investigation of system configuration and the selection of suitable 
biomass inoculation source for such specific wastewater environment could be two 
potential solutions. 
MBR systems were known as preferred anaerobic technology in treating high-
strength organic wastewater with excellent organic removal efficiency as well as 
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providing solid-free effluents. In the second stage of this research, An AnMBR and an 
AnBEMR were tested at laboratory scale for the treatment of the pharmaceutical 
wastewater, and the membrane fouling behaviour under different HRTs was assessed. 
Both the AnMBRs were operated at OLRs between 7.98 and 36.69 kg COD/m3.d. The 
AnBEMR demonstrated better treatment performance, achieving approximately 4-
10% higher COD removal and 8-15% higher methane yield than the AnMBR. 
Decreasing HRT or increasing OLR resulted in lower organic removal efficiencies 
and methane yields from both the AnMBR and AnBEMR. The lower treatment 
performance (10-50% COD removal) for the AnMBR and AnBEMR could be 
attributed to the hindering of the anaerobic process and inhibition of methanogensis 
by the strong loading of a saline mixture environment with high TDS concentration, 
high OLR and ammonia nitrogen in both systems. Regarding membrane fouling 
behavior, lower biomass concentration and lower concentrations of the EPS and SMP 
(in terms of proteins and carbohydrates) in the AnBEMR extended the membrane 
filtration time, as the AnBEMR sustained a longer service duration of 5.7, 17.9, 67 
and 254.8 h than the AnMBR at fluxes of 20, 15, 10, 5 L/m2.h, respectively. The 
AnBEMR produced less EPSp, EPSc, SMPp and SMPc than the AnMBR did, which 
was possibly due to lower rates of cell death. Moreover, under the experimental 
conditions, the increment of membrane fouling and proliferation of EPSp, EPSc, 
SMPp and SMPc concentrations were due to the increase in OLR or decrease in HRT. 
As for the membrane foulant compositions, proteins rather than carbohydrates were 
found to be the major component of the EPS and SMP in the AnMBR and AnBEMR. 
It can be postulated that the application of the anaerobic entrapped biomass coupled 
with the membrane as in the AnBEMR achieved better treatment performance and 
lower production of EPS and SMP, and thereby reduce the rate of membrane fouling. 
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UASB is a well-known high-rate anaerobic system, which is widely applied in 
the industrial wastewater treatment plants. In the third stage of this work, the 
pharmaceutical wastewater was treated by a lab-scale UASB, and the anaerobic 
effluent was further treated by aerobic post-treatments (a MBR or a SBR). With a 
proper microbial adaptation process, a stable COD removal efficiency of 41.3% was 
achieved by the UASB, with an optimized OLR of 8.11±0.31 kg COD/m3.d at an 
HRT of 48 h. Subsequently, the salinity effect on the UASB performance was 
assessed by pre-treating the wastewater with ion exchange resins for salt removal. It 
was found that a TDS concentration above 14.92 g/L significantly reduced the COD 
removal and CH4 yield of the UASB system. Aerobic post-treatment was found to 
effectively remove the COD residues in the anaerobic effluent. With aerobic post-
treatment, both the UASB+MBR and UASB+SBR systems achieved excellent COD 
removal efficiency of 94.7 and 91.8%, respectively, where the UASB+MBR system 
showed slightly better organic removal and nitrification. 
In the fourth stage of this study, intertidal wetland sediment (IWS) collected 
from high-saline environment was investigated as a novel inoculation source for 
anaerobic treatment of the pharmaceutical wastewater. In phase I, two parallel lab-
scale anaerobic sequencing batch reactors (AnSBR) were set-up, to compare the 
organic removal potential of the IWS with conventional anaerobic digested sludge 
(ADS). Under steady-state condition, the IWS reactor (Ri) showed significantly 
superior organic reduction performance than that of the ADS reactor (Ra), with COD 
removal efficiencies of 71.4±3.7 and 32.3±6.1%, respectively. In addition, as revealed 
by FISH analysis, a higher relative abundance of methanogenic populations was 
detected in the Ri. A further 16S rRNA gene pyrosequencing test was conducted to 
understand both the bacterial and archaeal community populations in the two AnSBRs. 
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As a result, the predominance of halo-philic/tolerant microganisms (class Clostridia 
of bacteria, genus Methanosarcina and Methanohalophilus of archaea) could be the 
main explanation of enhanced organic removal efficiency that observed in the Ri. In 
phase II, two AnMBRs with different inoculants were set-up, and the organic removal 
performances and membrane fouling behavior were compared. Based on the AnMBR 
performance at higher OLR, system seeded with the IWS also exhibits considerably 
higher organic removal efficiency than system seeded with conventional sludge. 
Moreover, longer membrane filtration duration was achieved in the AnMBRi than 
AnMBRa, which could be explained by the different biomass particle sizes in the 
systems. All these findings indicated that the IWS is a promising inoculation source 
for anaerobic treatment of the pharmaceutical wastewater. 
The treatment performance of various anaerobic technologies applied in this 
study was further summarized in Table 7.1. In general, IWS showed superior 
performance than ADS and granular sludge in the treatment of the saline 
pharmaceutical wastewater. With regard to the system configuration, both the AnSBR 
and AnMBR systems can achieve good COD removal when combined with the IWS 
as a novel inoculant. In addition, a sequential aerobic process can serve as an efficient 
post-treatment to further remove COD and ammonia in the anaerobic effluents.  
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7.2 Future Studies 
7.2.1 Post-treatments to remove organic residues and salinity of 
anaerobic effluent 
As discussed in section 5.3.3, aerobic processes (MBR and SBR) as post-
treatments can effectively remove the residual COD in the anaerobic effluent, 
possibly due to two main reasons: (1) the anaerobic process can degrade 
approximately 40% of the organic pollutants, and hence the organic loading to the 
sub-sequential aerobic system could be significantly reduced to avoid overloading of 
organics; and (2) Aerobic oxidation is more complete than anaerobic process, where 
these anaerobically non-degradable organics in the anaerobic effluent could be 
removed by aerobic process. Nevertheless, before discharging of the final effluent, a 
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tertiary treatment is still required for removal of salinity (i.e., salt). To accomplish this 
goal, reverse osmosis (RO) process seems to be a promising technology, where a high 
salt removal (>90%) can be achieved, as well as salt recovery and recycle through 
evaporation process. However, for efficient operation of a RO unit, pre-treatments 
such as UF process are often required to reduce the majority of the particles and 
colloids in the effluent. Therefore, selection of proper aerobic process (as secondary 
treatment) could be of great importance for overall process efficiency. 
 
7.2.2 Fate, transformation and removal of pharmaceutical residues 
during anaerobic degradation 
Due to the increasing concern of occurrence of pharmaceuticals as micro-
pollutant in the aquatic environment through wastewater discharge, it is essential to 
understand the fate, transformation and removal of pharmaceutical residues during 
pharmaceutical wastewater treatment process. Therefore, in the future study, it would 
be interesting to explore the following research scopes: (1) Establishment of a 
quantitative method for measuring and monitoring the concentration of relevant 
pharmaceutical compounds and by-products during biological degradation process; 
and (2) Study on microbial degradation pathway of these target compounds, and 
understanding of the rate-limiting factors of the degradation process to enhance the 
treatment efficiency. 
 
7.2.3 Enhancement of nitrification performance during saline organic 
wastewater treatment 
High TAN concentration was noticed in the anaerobic effluent in this work due 
to hydrolysis of organic nitrogen under anaerobic condition. This phenomenon 
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usually occurs during anaerobic treatment of proteinaceous organic wastewater, 
because without the help of oxygen, the released ammonia through degradation 
process could not be oxidized to NO2- or NO3-, and the remained ammonia may 
accumulate in the bioreactor and cause severe inhibition of process efficiency. 
Aerobic process is known to effectively remove excess ammonia in the system 
through nitrification, where ammonia is firstly oxidized to nitrite by ammonia-
oxidizing bacteria (AOB), and subsequently the nitrite is further oxidized to nitrate by 
nitrite-oxidizing bacteria (NOB). However, it is agreed that the activity of both the 
bacteria groups is strongly inhibited under high saline environment. In order to 
remove excess ammonia in the saline anaerobic effluent, it is worth to enhance the 
nitrification process by isolation and enrichment of marine microbial strains, which 
can withstand high salinity as well maintain high nitrification activity. 
 
7.2.4 Investigation of organic removal potential of IWS for other 
types of saline industrial wastewaters 
The saline industrial wastewaters are mainly generated by chemical industry (i.e., 
the chloralkali sector), road de-icing and agro-food industries. Other non-negligible 
salt consumptions are found in the petroleum, textile and leather industries as well as 
for softening hard water (Lefebvre and Moletta, 2006). In this study, the IWS was 
successfully applied for anaerobic treatment of the high-saline pharmaceutical 
wastewater, achieving a remarkably higher organic removal performance than the 
conventional anaerobic sludge. Given that a number of halo-philic/resistant microbial 
groups were detected in the IWS, which are capable of degrading several types of 
refractory organics, it is interesting to evaluate the potential of the IWS in treating 
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other types of saline organic wastewaters, such as seafood processing wastewater, 
tannery wastewater and textile wastewater. 
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